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This study focused on evaluating how interactions between the hydrogenotroph 
Dehalococcoides ethenogenes strain 195, which is able to completely dechlorinate 
tetrachloroethene (PCE) to ethene, and the two heterotrophs Desulfuromonas 
michiganensis strain BB1 and Desulfitobacterium sp. strain PCE1, which 
dechlorinate PCE to either cis-dichloroethene (cis-DCE) or trichloroethene (TCE), on 
the fate of PCE under common in situ bioremediation scenarios. Meaningful kinetic 
parameter estimates were obtained for the heterotrophic dehalorespirers under a wide 
range of conditions. Batch culture assays and numerical experiments were conducted 
with Desulfuromonas michiganensis to evaluate the effect of the initial conditions 
including the ratio of the initial substrate concentration (S0) to the initial biomass 
concentration (X0) and the ratio of S0 to the half-saturation constant (KS) on parameter 
correlation. Most importantly, S0/KS, but not S0/X0, strongly influenced parameter 
  
correlation. Correlation between the Monod kinetic parameters could be minimized 
by maximizing S0/KS. 
In the present study, dechlorination of high PCE concentrations by 
Desulfuromonas michiganensis and Desulfitobacterium sp. strain PCE1 was 
monitored. The maximum level of PCE that could be dechlorinated by each strain 
was not constant, and varied with X0. This phenomenon could not be described using 
conventional Monod kinetics; therefore, a new model that incorporated an 
inactivation term into the biomass growth equation was developed to describe 
dechlorination at high PCE concentrations.  
The interactions among Dehalococcoides ethenogenes and heterotrophic 
dehalorespirer in continuous-flow stirred tank reactors (CSTRs) were performed 
under two conditions that reflect either a natural attenuation or engineered 
bioremediation treatment scenario. Extant kinetic estimates accurately predicted the 
steady-state chlorinated ethene concentrations in the CSTRs. However, intrinsic 
kinetic parameter estimates better described the CSTR start-up phase. The modeling 
and experimental results suggested that the ability of Dehalococcoides ethenogenes to 
utilize PCE and TCE is limited by the presence of a PCE-to-TCE/cis-DCE 
dehalorespirer, which forces Dehalococcoides ethenogenes to function primarily as a 
cis-DCE-respiring population. 
This study provides insight into how the activities of different dehalorespiring 
cultures are interrelated and will aid in the design of engineered bioremediation 
approaches that optimize the potential benefits associated with different 
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Chapter 1:  Introduction 
 
The chlorinated ethenes tetrachloroethene (PCE) and trichloroethene (TCE) are 
commercially important chlorinated hydrocarbon solvents and chemical intermediates. 
They are widely used for dry cleaning and textile processing, for vapor degreasing in 
metal-cleaning operations (McCarty, 1997), and in semiconductor manufacture 
(Vogel et al., 1987). Improper handling and disposal of PCE and TCE have 
contributed to the contamination of groundwater with these contaminants. According 
to the report of U.S. Environmental Protection Agency (2005), both PCE and TCE are 
among the most frequently detected chemical contaminants in groundwater at 
Superfund sites. 
PCE and TCE are highly oxidized compounds and thus readily undergo reductive 
dechlorination under anaerobic conditions (Vogel et al., 1987), and complete 
dechlorination to ethene is feasible, as first shown by Freedman and Gossett (1989). 
Therefore, engineered bioremediation approaches and natural attenuation based on 
reductive dechlorination are promising for the in-situ cleanup of chlorinated ethene 
contamination. However, at many contaminated sites, the potential of in-situ 
bioremediation is not realized because complete dechlorination of chlorinated ethenes 
does not occur. Incomplete dechlorination is generally attributed to insufficient 
electron donors, slow dechlorination rates, low numbers of dichloroethene (DCE)- or 
vinyl chloride (VC)-dechlorinating bacteria, which are thought to be less common 
than PCE-to-DCE-dechlorinators (Fennell et al., 2001), a high redox potential, or 
unfavorable environmental factors (Bradley, 2003; Christ et al., 2005; Interstate 
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Technology Regulatory Council, 2005; Mohn and Tiedje., 1992; Stuart et al., 1999). 
Thus, improved understanding of the factors that influence the extent and rate of PCE 
biotransformation in contaminated environments is necessary to improve our ability 
to predict contaminant fate and transport, protect human health, and develop effective 
bioremediation strategies. 
The availability of electron donors is of particular concern because many 
contaminated sites are electron donor-limited (McCarty and Semprini, 1994; Gossett 
and Zinder, 1996). As discussed below, in some cases, organic substrates, such as 
lactate can be used directly as electron donors in reductive dechlorination reactions. 
Often, however, organic compounds are thought to undergo fermentation, which 
produces hydrogen that is used as the electron in reductive dechlorination. In anoxic 
environments, hydrogen in particular can be oxidized in some other anaerobic 
respiratory processes, such as methanogenesis, sulfate reduction and denitrification. 
Therefore, competition for electron donors, especially hydrogen, between chlorinated 
ethene-reducing bacteria and other microorganisms can greatly exaggerate the 
problem of electron donor availability at contaminated sites. Although, in theory, it 
should be possible to minimize competition from other hydrogenotrophic populations 
by maintaining low concentrations of hydrogen, e.g., by providing hydrogen through 
the fermentation of organic substrates that are fermented only at extremely low 
concentrations. This technique should direct the reducing equivalents to the 
dechlorinating populations because they have lower hydrogen thresholds compared 
with other hydrogenotrophic groups (Fennell and Gossett, 1998). 
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There is also increasing evidence that multiple dechlorinating populations are 
present at many chlorinated ethene contaminated sites (Lendvay et al., 2003; Löffler 
et al. 2000; Yang et al., 2005). At these sites, competition among different 
dechlorinating populations for electron donors and/or electron acceptors, i.e., 
chlorinated ethenes may also conceivably arise. These organisms vary with respect to 
the chlorinated ethenes that are transformed, electron donors used in reductive 
dechlorination, and kinetic characteristics. Substrate interactions among different 
dechlorinating bacteria involving electron donors or acceptors could potentially play 
an important role in determining the extent and rate of chlorinated ethene 
transformation at a site (Becker, 2006). The goal of the proposed research project is to 
improve our understanding of the factors that control interactions among key 
chlorinated ethene-dechlorinating organisms and the impact of these interactions on 
contaminant fate so that the full potential of in situ bioremediation at chlorinated 
ethene-contaminated sites can be realized. 
The central hypothesis of the proposed research is that if multiple dechlorinating 
populations are present in either natural environments or man-made systems, such as 
reactors, substrate interactions involving electron acceptors, i.e., chlorinated ethenes, 
and/or electron donors, may arise between the dechlorinating populations and could 
affect the fate of chlorinated ethenes and the individual populations of dechlorinators 
in the system. For example, if Dehalococcoides species, the only organisms that are 
known to dehalorespire beyond cis-DCE, are unable to compete with other 
dehalorespirers for growth substrates, incomplete dechlorination of PCE may result. 
On the other hand, there is evidence suggesting that dehalorespiring populations in 
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other genera have faster specific utilization rates compared with Dehalococcoides 
species. Thus, if these organisms cannot compete with Dehalococcoides species, the 
overall rate of PCE removal may be relatively slow. Therefore, conditions that allow 
Dehalococcoides species to co-exist with other dehalorespiring populations may ideal 
by promoting relatively fast PCE-to-cDCE-respiring kinetics and by taking 
advantages of the ability of Dehalococcoides species to dechlorinate beyond cis-DCE. 
A number of studies employing both molecular analyses and microcosm 
experiments have demonstrated the diversity of dechlorinating populations in both 
natural environments and laboratory systems (Duhamel and Edwards, 2006; Fennell 
et al., 2001; Loffler et al., 1999; Nijenhuis et al., 2006; Yang et al., 2005). Two recent 
studies suggested that substrate interactions among dehalorespiring populations can 
significantly affect the fate of chlorinated compounds in environments (Becker, 2006; 
Grostern and Edwards. 2006). However, currently the lack of reliable estimates of 
kinetic parameters for key dehalorespiring populations under the broad range of 
substrate concentration that exist in contamination plumes limits our ability to 
theoretically evaluate the outcome of these interactions using mathematical modeling. 
Further, systematic experimental evaluations of the interactions among 
dehalorespiring populations have not been conducted. 
Therefore, the specific objectives of the proposed research are to: 
(1) Obtain accurate and reliable estimates of the growth and substrate utilization 
kinetic parameters for two PCE dehalorespiring strains (Desulfuromonas 
michiganensis strain BB1 and Desulfitobacterium sp. strain PCE1) under both 
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intrinsic and extant conditions. 
(2) Develop mathematical models to describe the dechlorination of high aqueous 
concentrations of PCE that develop in the vicinity of non-aqueous phase liquid 
(DNAPL) source zone by these dehalorespirers and estimate the parameter 
values in the models. 
(3) Predict the outcome of interactions among dehalorespiring populations in 
three treatment scenarios involving Dehalococcoides ethenogenes and 
Desulfuromonas michiganensis or Desulfitobacterium sp. strain PCE1 using 
model simulations and the independently estimated extant kinetic parameters. 
(4) Experimentally validate the predicted substrate interaction for three treatment 
scenarios involving Dehalococcoides ethenogenes and Desulfuromonas 
michiganensis or Desulfitobacterium sp. strain PCE1 in continuous-flow stirred 
tank reactor (CSTRs). 
Six chapters follow Chapter 2 provides detailed background information on key 
topics related to the overall research project, including reductive dechlorination and 
dehalorespiration processes, microbial substrate utilization kinetics, and microbial 
competition. Key results and discussion of the major phases of this research project 
are described in chapters 3 through 6. These are written as drafts of individual journal 
manuscripts. Chapter 3 has already been submitted to Biotechnology and 
Bioengineering.  Thus, each of these chapters also contains some background 




Chapter 2:  Literature review 
 
In this chapter, an overview of the negative health effects of PCE and TCE as well 
as key physical and chemical characteristics of these compounds is given. The major 
microbial reactions that lead to biodegradation of PCE are described along with the 
organisms known to carry out these reactions. Finally, the available information on 
the kinetic characteristics of these organisms and factors affecting kinetic parameter 
estimates are also discussed. 
2.1 Toxicological effects and physical/chemical properties of PCE and TCE 
Both PCE and TCE are hazardous, toxic to animals and plants, and destructive to 
the ozone layer (Holliger et al., 1999). They are also suspected human carcinogens 
(U.S. Environmental Protection Agency, 1988a and 1999). However, vinyl chloride 
(VC), a lightly chlorinated ethene that can form through reductive dechlorination of 
PCE and TCE is a known carcinogen. PCE and TCE may also damage developing 
fetuses. Exposure to high concentrations of chlorinated ethenes in air, particularly in 
poorly ventilated areas, can cause dizziness, light-headedness, nausea, confusion, 
difficulty in speaking and walking, possibly unconsciousness, and death. 
Overexposure can cause the heart to beat irregularly or stop. Tetrachloroethene can 
also damage the liver and kidneys enough to cause death. Breathing the vapor may 
irritate the lungs, causing coughing and/or shortness of breath. Higher exposure can 
cause a build-up of fluid in the lungs, which can cause death. Some adverse 
neurological and reproductive effects caused by PCE, such as sensory symptoms, 
menstrual disorders, altered sperm structure, and reduced fertility, have been reported 
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from exposure to PCE (ATSDR, 1997; Calabrese et al., 1991; U.S. Environmental 
Protection Agency, 1988b). 
When PCE is released to the environment, several different fates are possible. If it 
is released to the unsaturated zone, volatilization may occur. In addition, PCE is 
slightly adsorbed on sand and clay minerals. Based on the reported KOC values for 
PCE, which vary from 209 to 1685, PCE is expected to exhibit low to medium 
mobility in soil and therefore may leach slowly to the groundwater (Otson et al., 
1982). Due to its higher vapor pressure (18.47 mm Hg at 25oC), TCE is more readily 
volatized and transported through soil in comparison with PCE. Because of the low 
aqueous solubilities (1.459 mM for PCE and 10.78 mM for TCE at 22oC, Knauss et 
al., 2000) and high hydrophobicities of PCE and TCE, these chlorinated ethenes tend 
to accumulate in environments like sediments and sludges and form dense non-
aqueous phase liquids (DNAPLs) in subsurface environments when sufficient 
quantities are present. The resulting DNAPLs can penetrate through permeable 
groundwater aquifers and pool at a non-permeable zone where they can serve as a 
long term contamination source to groundwater. 
2.2 Overview of microbial reductive dechlorination of chlorinated ethenes 
2.2.1 Microbial dechlorination reactions 
In general, the biodegradation of chlorinated ethenes can occur via oxidative or 
reductive dechlorination reactions (El Fantroussi et al., 1998; Janssen et al., 2001). 
Oxidative dechlorination of lightly chlorinated ethenes, i.e., VC and DCEs, has been 
demonstrated in both aerobic and anaerobic environments (Bradley and Chappelle, 
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1996; Bradley et al., 1998; Coleman et al., 2002a, 2002b; Hartmans and deBont, 1992; 
Singh et al., 2004; Verce et al., 2000, 2001). Aerobic oxidation of TCE can be 
catalyzed by many microorganisms through cometabolic reactions, a process, in 
which the compound of interest (e.g. PCE) is dechlorinated by a biological enzyme 
system or cofactor and does not serve as a source of carbon or energy (Kan and 
Deshusses, 2006; Kuo et al., 2004; McCarty et al., 1998; Newman and Wackett, 
1997). As discussed further below, the energy yielded by cometabolic transformations 
cannot be conserved by the organisms carrying out the reactions. Anaerobic oxidation 
of chlorinated ethenes was first reported by Vogel and McCarty (1985) for 
transformation of VC to CO2 under methanogenic conditions. Because PCE is highly 
oxidized, it is generally not thought to undergo oxidation reactions. However, it is 
amenable to reductive dechlorination. Reductive dechlorination is a process in which 
the chlorine substituents are removed through the addition of electrons. Under certain 
conditions, abiotic reductive dechlorination may be mediated by metallocofactors or 
other catalysts (Vogel and McCarty, 1987), but the focus here is on reactions carried 
out by whole microorganisms. 
Two types of microbial reductive dechlorination reactions, hydrogenolysis and 
dihaloelimination, are commonly observed (Mohn and Tiedje, 1992), but 
dihaloelimination, which involves the removal of chlorines from the adjacent carbons 
in unsaturated bond is not feasible with chlorinated ethenes. Hydrogenolysis involves 
the replacement of a chlorine substituent with a hydrogen atom. Both types of 
reactions require reducing equivalents. A wide variety of organic compounds, 
including lactate, acetate, ethanol, methanol, pyruvate, butyrate, formate, succinate, 
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and benzoate (Gerritse et al, 1996; 1999; Löffler et al, 1998; Sung et al, 2003; Zinder 
and Gossett, 1995), as well as complex organic substrates such as chitin and 
vegetable oil (Brennan et al., 2006a, b; Zawtocki et al., 2004; Zenker et al., 2000) 
have been shown to support reductive dechlorination by mixed cultures or in 
environmental samples. It is thought that H2 often serves as the ultimate electron 
donor for reductive dechlorination and the organic compounds indirectly supply 
reducing equivalents by undergoing fermentation to H2 (Distefano et al., 1992; 
Fennell et al., 1997; Yang and McCarty, 1998). However, as discussed below, a 
number of dehalorespiring organisms cannot utilize H2 as electron donor, and instead 






































PCE TCE VC ETH
1,1-DCE
1,1-cis DCE
1,1-trans DCE  
Figure 2.1 Sequential microbial reductive dechlorination of chlorinated ethenes 
As first shown by Freedman and Gossett (1989), complete dechlorination of PCE 
to ethene (ETH) is feasible (Figure 2.1). PCE is dechlorinated mainly to cis-DCE 
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through TCE, although the isomers, 1,1-DCE and 1,1-trans DCE are also sometimes 
produced in less amounts and may be present as biodegradation products at some 
contaminated sites (Christiansen et al., 1997; Griffin et al., 2004; Maymό-Gatell et al., 
1999; Miller et al., 2005). The formation of the 1,1-DCE was first believed to be a 
result of abiotic dechlorination of TCE in the presence of sulfide (Kästner, 1991). 
However, a recent study showed that 1,1-DCE can be the predominant intermediate 
of microbial TCE reduction mediated by a Dehalococcoides species (Zhang et al., 
2006). 
2.2.2 Thermodynamics of reductive dechlorination 
The balanced reactions for reductive dechlorination of the chlorinated ethenes 
using hydrogen as the electron donor are shown in Table 2.1 along with the change in 
the Gibbs free energy (ΔGo') and redox potentials (Eo') at standard conditions (pH 7). 
The favorable thermodynamics of these reactions led to speculation that the 
microorganisms carrying out these reactions might be able to grow as a result of 
reductive dechlorination. 
In fact, as discussed below, a growing number of organisms have been isolated 
that can conserve energy via the reductive dechlorination of chlorinated ethenes 
through a process known as halorespiration, chloridogenesis, or dehalorespiration, the 
latter of which is used here. In other words, the chlorinated ethenes are used as 
terminal electron acceptors in an anaerobic form of respiration. The redox potentials 
for PCE, TCE, DCE, and VC range between 420 and 574 mV (Table 2.1), and thus 
are considerably higher than that of the SO42-/H2S couple (Eo'= −217 mV), 
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comparable to that of the NO3-/NO2- couple (Eo'= +433 mV), but substantially lower 
than that of the O2/H2O couple (Eo'= +818 mV). 
 
Table 2.1 Standard Gibbs free energy changes and redox potentials for the reductive 




Reaction ΔGo' (kJ/mol) Eo' (mV) 
PCE + -
2 4 2 2 3C Cl +H C HCl +H +Cl→  -171.8 574 
TCE + -
2 3 2 2 2 2C HCl +H C H Cl +H +Cl→ -166.1 550 to 527
DCE isomers + -
2 2 2 2 2 3C H Cl +H C H Cl+H +Cl→  -144.8 420 to 397
VC + -
2 3 2 2 4C H Cl+H C H +H +Cl→  -154.5 450 
 
2.2.3 Cometabolic transformations 
In cometabolic reductive dechlorination, the chlorinated ethenes are not utilized 
as a terminal electron acceptor and therefore the energy released by the 
transformation cannot be conserved by the microorganisms carrying out the 
transformation (Middeldorp et al., 1999). The ability to carry out cometabolic 
reductive dechlorination of PCE, unlike dehalorespiration, is observed in a wide 
variety of microorganisms including methanogens (Fathepure and Boyd, 1988a; 
1988b; Cabirol et al., 1998), acetogens (Terzenbach and Blaut, 1994), and sulfate-
reducing bacteria (Cole et al., 1995). Studies conducted with boiled cell extracts of 
methanogens and acetogens demonstrated that metallocofactors, rather than enzymes 
are responsible for the cometabolic reductive dechlorination (Cabirol et al., 1998; 
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Fathepure and Boyd, 1988a; 1988b; Gantzer and Wackett, 1991). Some of the 
metallocofactors that have been shown to play a key role in chlorinated ethene 
cometabolism in the organisms include vitamin B12 (cyanocobalamin), which 
contains cobalt and is abundant in methanogens, acetogens, and sulfate reducers; 
cofactor F430, which contains nickel and is present in methanogens; and iron-
containing hematin, which is present in sulfate-reducers. These metallocofactors can 
also be used to mediate abiotic reductive dechlorination of chlorinated ethenes and 
other organic compounds in the presence of a reducing agent (Gantzer and Wackett, 
1991). The cofactors involved in cometabolism are also present in the reductive 
dehalogenases that catalyze reductive dechlorination in dehalorespiring bacteria 
(Smidt and de Vos, 2004). 
In addition to cometabolism carried out by methanogens, acetogens, and sulfate 
reducers, dehalorespiring bacteria can sometimes cometablize lesser chlorinated 
ethenes while utilizing more chlorinated ethenes as the primary electron acceptor. For 
example, the dechlorination of VC by Dehalococcoides ethenogenes strain 195 has 
been shown to be a cometabolic process, and the presence of PCE was required for 
VC dechlorination (Maymó-Gatell et al., 2001). Another example of cometabolic 
reductive dechlorination of VC that is dependent on PCE was observed within a VC-
degrading enrichment culture (Distefano, 1999). The rates of VC cometabolism in 
methanogenic sludge are four or more orders of magnitude slower compared with the 
rates of VC dehalorespiration. This highlights another important difference between 
cometabolic reductive dechlorination reactions and dehalorespiration. Cometabolic 
transformations tend to be much slower than metabolic reactions. In some cases, 
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organisms that can dehalorespire lesser chlorinated ethenes can cometabolize more 
highly chlorinated ethenes. For example, Dehalococcoides sp. strain BAV1 can 
cometabolize TCE, as well as PCE, in the presence of a DCE isomer or VC, which 
serve as growth substrates for strain BAV1 (He et al., 2003). 
2.2.4 Survey of key dehalorespiring bacteria 
The first dehalorespiring bacterial species discovered was Desulfomonile tiedjei 
(DeWeerd et al., 1990). It is able to couple the reductive dehalogenation of 3-
chlorobenzoate to energy conservation and hence to microbial growth. Later, a strict 
anaerobic culture, Dehalobacter restricus, capable of metabolic dechlorination of 
PCE coupled to the oxidation of H2 was purified by Holliger et al. (1993). Since then, 
numerous dehalorespiring bacteria have been isolated and identified from very 
different pristine and polluted environments. The dehalorespiring bacteria currently 
available in pure cultures are affiliated with several distinct phyla, as shown in Figure 
2.2. 
Furthermore, among the dehalorespiring pure cultures, some are metabolically 
versatile with respect to their spectrum of electron donors. Electron acceptors other 
than chlorinated ethenes can be used by some dehalorespiring bacteria. The ability to 
use nitrate or ferric iron may prevent reductive dechlorination of DCE or VC from 
occurring in some natural environments due to the lower redox potential of these 
lesser chlorinated ethenes. In contrast, several Dehalococcoides and Dehalobacter 
strains are highly specialized bacteria that strictly depend on halorespiration for 
growth and use hydrogen as sole electron donor (Holliger et al., 1998; Maymó-Gatell 
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et al., 1997). The metabolic characteristics of some key dehalorespiring cultures are 
summarized in Table 2.2. Dehalorespiring bacteria affiliated with the 
Dehalococcoides, Desulfitobacterium, Dehalobacter, and Desulfuromonas genera are 
described in greater detail below, because representives of these genera are being 
used in this research. 
 
Figure 2.2 Phylogenetic tree of dehalorespiring isolates (in bold) based on bacterial SSU 





Table 2.2 Characteristics of key chlorinated ethene-respiring strains 
Organism Chlorinated ethene 
electron acceptors 
Other terminal electron acceptors Electron donors Dechlorination 
products 
Reference 








dibromoethane H2 VC, ethene 
Maymó-Gatell et al., 
1997; 1999 
Desulfitobacterium 
sp. strain PCE1 PCE 
2-chlorophenol, 2,4,6-trichlorophenol, 
3-chloro-4-hydroxy-phenylactate, 




TCE Gerritse et al., 1996 
Desulfitobacterium 
strain PCE-S PCE, TCE Fumarate, sulfite 
Pyruvate, yeast 
extract cis-DCE Miller et al., 1997 
Dehalobacter 









cis-DCE Sung et al., 2003 
Desulfuromonas 
chloroethenica PCE, TCE 
Fumarate, Fe(III), nitriloacetate, 
polysulfide Acetate, pyruvate cis-DCE Krumholz, 1997 
Dehalospirillum 




cis-DCE Scholz-Muramatsu et al., 1995 
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As a group, Dehalococcoides species are able to grow by using a variety of 
chlorinated hydrocarbons as terminal electron acceptors, including chlorinated 
alkanes and alkenes, and chlorinated benzenes, biphenyls, and dioxins (Maymó-
Gatell et al., 1999). Dehalococcoides ethenogenes strain 195 is the only 
dehalorespiring bacterium that has been shown to completely dechlorinate PCE to 
ethene, although the last step, dechlorination of VC, is a relatively slow cometabolic 
process (Maymó-Gatell et al., 1999). However, Dehalococcoides strains that can 
respire DCE isomers or VC at high rates have been isolated. As previously mentioned, 
Dehalococcoides strain BAV1 can reductively dechlorinate DCE isomers and VC to 
ethene at relative high rates, but can only cometabolize PCE and TCE in the presence 
of DCE or VC (He et al., 2003). 
Dehalococcoides strain VS is another bacterium that can metabolize DCE isomers 
and VC (Cupples et al., 2003; Müller et al., 2004). Unlike strain BAV1 and strain VS, 
strain FL2 uses only TCE and DCE as electron acceptors (He et al., 2005). PCE and 
VC are slowly and cometabolically dechlorinated by strain FL2. Strain GT was 
described recently and can dechlorinate TCE to ethene (Sung et al., 2006). To date, 
the ability to use DCE isomers and VC as electron acceptors has been observed only 
in Dehalococcoides species. 
As their name suggests, members of the genus Desulfitobacterium are able to use 
sulfite as an electron acceptor. Some of these Gram-positive strains are also capable 
of dehalorespiring a variety of chlorinated hydrocarbons, including chlorinated 
ethenes, haloalkanes, and/or haloaromatics. Desulfitobacterium dehalogenans (Utkin 
et al., 1994; Mackiewicz and Wiegel, 1998), Desulfitobacterium sp. strain PCE1 
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(Gerritse et al., 1996), and Desulfitobacterium strain PCE-S (Miller et al., 1997) are 
able to utilize both PCE and chlorinated phenols as electron acceptors. PCE is 
transformed to TCE by Desulfitobacterium dehalogenans and strain PCE1. Trace 
amounts of cis-DCE, 1,1-DCE, or trans-DCE are also formed from PCE by strain 
PCE1. The PCE reductive dehalogenase of strain PCE-S has been purified and shown 
to mediate the reduction of PCE via TCE to cis-DCE as the end product. 
Desulfitobacterium strain Y51 can dehalorespire PCE as well as polychloroethanes 
(Suyama et al., 2001). Unlike the other Desulfitobacterium species, strain Y51 cannot 
utilize haloaromatic compounds as terminal electron acceptors (Furukawa et al., 
2005). 
Based on 16S rRNA analysis, Dehalobacter species are affiliated with the same 
group of Gram-positive bacteria as the Desulfitobacterium species (Figure 2.2). As 
previously mentioned, Dehalobacter restrictus is restricted to the utilization of 
hydrogen as an electron donor, and it can only use PCE or TCE as an electron 
acceptor (Holliger et al., 1998). Dehalobacter restrictus cannot dechlorinate 
chlorinated ethenes beyond cis-DCE and requires fermented yeast extract or growth 
factors (iron, thiamine, cyanocobalamin, arginine, histidine and threonine) for growth 
(Damborsky, 1999). 
Desulfuromonas species are Gram-negative, sulfur-reducing δ-Proteobacteria 
(Figure 2.2). Several strains are also able to respire chlorinated ethenes. Several of the 
chlorinated ethene-respiring Desulfuromonas strains are frequently detected in 
anaerobic environments (Löffler et al., 2000; Sung et al., 2003), and their ability to 
use several organic electron donors like lactate that are added to biostimulate 
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reductive dechlorination at chlorinated ethene-contaminated sites and acetate, which 
is produced through the fermentation of lactate and other organic compounds in-situ, 
suggests that these organisms may play a significant role in in-situ bioremediation 
(Löffler et al., 2000). Desulfuromonas chloroethenica utilizes pyruvate or acetate as 
the electron donor to dehalorespire PCE and TCE to cis-DCE (Krumholz,1997). 
Desulfuromonas michiganensis strains BB1 and BRS1 were isolated from pristine 
river sediment and chlorinated ethene-contaminated aquifer material, respectively. 
Both Desulfuromonas michiganensis strains convert PCE to cis-DCE and can use a 
wide range of organic electron donors, including acetate, lactate, pyruvate, succinate, 
malate, and fumarate (Table 2.2, Sung et al., 2003). 
2.2.5 In situ bioremediation approaches employing dehalorespiration 
In-situ bioremediation based on dehalorespiration has been demonstrated to be 
effective for the clean-up of chlorinated ethene-contaminated sites (Aulenta et al., 
2005; Lendvay et al., 2003; Major et al., 2002). Based on the degree of human 
involvement, in-situ bioremediation can be classified in two categories: natural 
attenuation and engineered bioremediation. 
In natural attenuation, a variety of physical, chemical, and/or biological processes 
reduce the mass, toxicity, mobility, volume, or concentration of the contaminants in 
soil or groundwater without the involvement of human activities (Interstate 
Technology Regulatory Council, 2005). Because the sites undergoing natural 
attenuation are not engineered, indigenous microorganisms are utilized to degrade the 
contaminants under the existing geochemical conditions. In contrast, engineered 
 
19 
bioremediation approaches increase the desired activities of microorganisms in the 
subsurface environments to enhance the destruction or transformation of the 
contaminants. 
Compared with engineered bioremediation, natural attenuation is less costly. 
However, the accumulation of cis-DCE or VC is often observed at chlorinated 
ethene-contaminated sites where natural attenuation are being applied (Aulenta et al., 
2005; Fennell et al., 2001; Henrickson et al., 2002; Lendvay et al., 2003). This is 
unacceptable because of the toxicity of these daughter products. The incomplete 
detoxification of PCE and TCE at sties undergoing natural attenuation could be due to 
a number of factors including conditions that are toxic to key populations or slow 
kinetics of the DCE- and VC-dechlorinating populations, but it is often attributed to 
limitations in the availability of electron donors and/or dehalorespiring populations. 
Therefore, common engineered bioremediation strategies for chlorinated ethene-
contaminated sites include the addition of electron donors and/or other nutrients, i.e., 
biostimulation, to enhance the activity of dehalorespirers and/or the introduction of 
the dehalorespiring populations themselves, i.e., bioaugmentation. 
2.3 Kinetics of metabolic reductive dechlorination 
2.3.1 Models of substrate utilization and dehalorespiring bacterial growth 
2.3.1.1 Dual substrate Monod kinetics 
During the dehalorespiration process, either the electron donor or acceptor or both 
can limit the rate of substrate utilization. Therefore, dechlorination kinetics is usually 
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described with the dual substrate Monod equation (Equation 2.1, Bagley, 1998; 
Fennell and Gossett, 1998; Haston and McCarty, 1999) according to: 
                      max
, ,
a d a
S d d S a a
dS S Sq X
dt K S K S
⎛ ⎞⎛ ⎞
= − ⎜ ⎟⎜ ⎟⎜ ⎟⎜ ⎟+ +⎝ ⎠⎝ ⎠
                                   (2.1) 
where qmax [MS·MX-1·T-1] is the maximum specific substrate utilization rate; X [MX·L-3] 
is the biomass concentration; dS  and aS  [MS·L
-3] are the aqueous concentrations of 
electron donor and acceptor, respectively; and ,S dK  and ,S aK  [MS·L
-3] are the half-
maximum rate constants for the electron donor and acceptor, respectively.  
The net growth rate of a dehalorespiring organism during the reductive 
dechlorination process can be expressed according to Equation 2.2, 
     a d
dSdX Y k X
dt dt
= − −                               (2.2) 
where Y [MX·MS -1] is the yield coefficient and kd [T-1] is the decay coefficient. It is 
clear that when one of the substrate concentrations is much higher than the 
corresponding KS, the term )/( SKS S + approaches unity, and the specific growth rate 
will be controlled by the second substrate. Under these conditions, the dual Monod 
equation can be simplified into a single Monod equation. 
2.3.1.2 Inhibition kinetics 
The dual Monod model (Equation 2.1) assumes that the substrates are non-
inhibitory. While the Monod model has been shown to be useful at describing the 
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dechlorination of chlorinated ethenes over a range of conditions (Fennell and Gossett, 
1998), other studies have shown that Monod kinetics did not adequately describe 
chlorinated ethene removal data. For example, Tandoi et al. (1994) found that 
conversion of VC to ETH was inhibited by other chlorinated ethenes during the 
sequential reductive dechlorination of PCE by a methanol-enriched anaerobic mixed 
culture. When competitive inhibition coefficients of 10 μM for each of the higher 
chlorinated ethenes were incorporated into the dechlorination term for VC, the 
simulation was qualitatively similar to the experimental data. However, it is not clear 
whether the inhibition was due to competitive or non-competitive processes. In 
another study of reductive dechlorination kinetics (Garant and Lynd, 1998), 
competitive inhibition (KI [MS·L-3) was incorporated into the Monod kinetic 
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                        (2.3) 
This competitive inhibition expression as well as non-competitive Monod kinetics 
was fit to the dechlorination data of Tandoi et al. (1994). The competitive inhibition 
model fit the reductive dechlorination data better than the non-competitive model. 
However, the usefulness of this analysis was limited because it was assumed that the 
biomass remained constant during the dechlorination process. As a result, true 




More recent studies included experiments designed specifically to evaluate 
inhibition effects and determine inhibition constants, rather than fitting mathematical 
models to existing data. Cupples et al. (2004) observed competitive inhibition 
between cis-DCE and VC within a cis-DCE- and VC-respiring culture. Inhibition 
coefficients of 3.6±1.1 μM and 7.8±1.5 μM were estimated for cis-DCE and VC, 
respectively, indicating that cis-DCE has more of an inhibitory effect on VC 
dechlorination than vice versa. Inhibition kinetics have also been observed for the 
highly chlorinated ethenes. Yu and Semprini (2004) studied the kinetics for anaerobic 
reductive dechlorination of high concentrations of PCE and TCE (up to their aqueous 
solubility limits) by two mixed cultures. Competitive inhibition was modeled by 
setting the KI terms in Equation 2.3 equal to the respective KS terms. Competitive 
inhibition occurred among the chlorinated ethenes when the concentrations were 
relatively high (~300 μM) and both competitive and self inhibition effects occurred 
when the concentrations were near the solubility limits (1260 μM at 30oC). The more 
highly chlorinated ethenes strongly inhibited the reductive dechlorination of the lesser 
chlorinated ethenes. The lesser chlorinated ethenes caused only weak inhibition of the 
reductive dechlorination of PCE and TCE (Yu et al., 2005). These results are 
consistent with the findings of Cupples et al. (2004). 
However, it is not yet known whether these inhibition effects are widely 
distributed among dechlorinating cultures. In addition, as noted above, there are few 
accurate estimates of inhibition coefficients for reductive dechlorination of 
chlorinated ethenes. Therefore, more information is needed on the inhibition effects 
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that occur at different chlorinated ethene concentrations for different dehalorespiring 
cultures. 
In addition to competitive inhibition, self-inhibition effects have been observed 
when high concentrations of PCE were supplied to Desulfuromonas michiganensis 
strain BB1 and Desulfitobacterium sp. strain Viet1 (Amos et al., 2007). The Andrews 
kinetic model (Equation 2.4) predicts decreasing rates of dechlorination with 











                    (2.4) 
However, in the study by Amos et al., (2007), when PCE reached a maximum 
tolerance concentration (Sa-max [Ms·L-3]), dechlorination stopped completely. This 
could be described by a model (Equation 2.5) developed by Luong (1987), 
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                  (2.5) 
2.3.2 Factors affecting parameters estimates 
Accurate estimates of the kinetics of dehalorespiration are needed to successfully 
assess and predict the bioremediation of chlorinated ethene-contaminated sites. 
However, as summarized in Table 2.3, there is considerable variability in the reported 
kinetic values for chlorinated ethene reductive dechlorination. Some of this variability 
may truly reflect differences in the kinetic characteristics of different dehalorespiring 
organisms. In addition, culture history, parameter identifiability, and the nature of the 
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assay employed to measure the parameters can have a major impact on microbial 
kinetics parameter estimation (Grady et al., 1996). These interrelated factors are 
described below. 
2.3.2.1 Culture history 
Culture history refers to “the type of environmental conditions imposed and the 
duration of their imposition” (Grady et al., 1996). The culture history of the inoculum 
used for kinetic assays can greatly influence the parameters estimated for mixed and 
pure cultures (Ellis et al., 1996a; Ellis and Anselm, 1999; Grady et al., 1996). There 
are several ways in which culture history can have effect on parameter estimates. For 
example, in mixed cultures maintained at low substrate concentrations, the 
composition of a mixed culture can be changed by selecting for members with higher 
affinity enzymes can occur. This selection could result in an underestimation of the 
KS values, especially in mixed culture systems with long continuous-flow operation 
(Chiu et al., 1972). For example, in a study of the biodegradation of an aromatic 
compound and TCE in a mixed culture, Monod kinetic parameters obtained in batch 
culture assays varied up to 50% over a 5-month period using a semi-continuous 
culture as the source culture (Bielefeldt and Stensel, 1999). For pure cultures, a 
similar selection mechanism could result in the replacement of low affinity enzymes 
with high affinity enzymes (Dijkhuizen and Hartle, 1983). For example, the 
concentration of glucose in a pure culture maintained in a chemostat system 
decreased after the biomass concentration reached a steady state (Rutgers et al., 1987). 
These findings may be explained by increased substrate affinity and increased 
substrate utilization with increased culture age (Rutgers et al., 1987). 
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In addition, when batch kinetic assays are conducted under non-growth conditions, 
an organism’s physiological state will be influenced by its culture history, as 
experimentally and theoretically demonstrated in several studies (Daigger and Grady, 
1982; Templeton and Grady, 1988; Ellis et al., 1996a). Thus, the kinetic parameters 
measured under non-growth (or extant) conditions reflect the previous growth 
conditions used to maintain the inoculum for the batch assay. This is discussed further 
below.  
2.3.2.2 Parameter identifiability 
Parameter identifiability refers to “the ability of the mathematical routine used for 
parameter estimation to uniquely estimate the values of the individual parameters” 
(Grady et al., 1996). In other words, to be meaningful and useful, estimates of 
individual kinetic parameters must be independent. Previous studies have 
demonstrated that parameter identifiability in batch experiments depends on the initial 
conditions in the assays, i.e. the ratio of the initial substrate concentration (S0) to the 
initial biomass concentration (X0) or the half-saturation coefficient (KS) (Holmberg, 
1982; Robinson and Tiedje, 1983; Simkins and Alexander, 1984; Ellis et al., 1996a; 
Liu and Zachara, 2001; Liu et al., 2005). In other words, if the value of S0/X0 or S0/KS 
chosen for the kinetic assay results in a high degree of correlation between the two 
parameters, any combination of the two parameters that results in the same “lumped” 
parameter value will be fit equally well by the parameter estimation routine.
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Table 2.3 Summary of Monod kinetics parameters for chlorinated ethene-respiring cultures 
Organisms Y 
(mg VSS/2 μmol e-) a



















H2 100 0.001c 
Fennell and Gossett., 
1998 
















N/A  Yu et al., 2005 
















N/A  Yu et al., 2005 
Mixed culture 















N/A  Haston and McCarty, 1999 
Bachman culture 










N/A  He et al., 2003a 




2.6 (1.9) H2 7±2 0.0038 
Cupples et al., 2003; 
2004 
Dhb. restrictus 0.0035 PCE 7.3    Holliger et al., 1998 
Dsf. frappieri TCE1 PCE 0.0067 
TCE 0.0078 PCE 18.1 N/A N/A N/A Gerritse et al., 1999 
Dsf. sp. strain PCE1 0.0076 PCE 4.62 to 10.23 N/A N/A  Gerritse et al., 1999 
Dfm.michiganensis 






23.4 (5.2) N/A  Amos et al., 2007 
a Where necessary, Y values given in terms of protein were converted to VSS by assuming protein is 55% of total biomass. b Values in parenthesis represent 95% 
confidence region. c Expressed as kX, in which X is not determined. d N/A=not available 
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Sensitivity analyses can be used to evaluate the degree of correlation between 
Monod kinetic parameter estimates. For example, Robinson and Tiedje (1983) used 
sensitivity coefficients, which are the first derivatives of substrate concentration with 
respect to the Monod parameters (dS/dKS, dS/dqmax, and dS/dY), to study the effects of 
the S0/KS ratio on Monod parameter correlation and identifiability. They found that 
poor estimates of Monod parameters will be obtained when the initial substrate 
concentration is very low (S0/X0=0.1 and S0/KS=0.02) or very high (S0/X0=250 and 
S0/KS=50). The least correlation was found for S0/X0=20 and S0/KS=4. Using a similar 
method, Ellis et al. (1996a) studied the degradation of organic chemicals by activated 
sludge and indicated that the parameters were identifiable when S0/KS was higher than 
1.0. 
2.3.2.3 Kinetic assays 
Finally, the nature of the kinetic assays themselves contributes to the variability in 
parameter estimates. Batch culture assays are typically used for kinetic estimates 
(Grady et al., 1999). However, as discussed above, the outcomes of the experiments 
will be significantly influenced by the initial conditions of batch cultures. Therefore, 
it is very important to choose appropriate initial conditions (S0/X0 and S0/KS ratios) in 
order to achieve the desired objectives. For example, to determine kinetics that reflect 
conditions in the source environment, S0/X0 or S0/KS should be very small so that the 
physiological characteristics of the cells do not change during the batch experiments. 
Estimated parameters that represent the kinetics of the culture in the source 
environment are referred to as “extant”. Previous studies suggest that when the 
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limiting substrate is the electron donor, extant kinetics can be obtained when the 
value of S0/X0 is lower than 0.025, when both S0 and X0 are expressed on a chemical 
oxygen demand (COD) basis. Extant kinetics are particularly useful for describing 
substrate removal in a reactor or predicting performance in some other treatment 
environment (Grady et al., 1999). For example, in order to study the biodegradation 
kinetics of organic compounds in fed-batch or continuous flow reactors for real full 
scale applications, low S0/X0 values were used for batch culture assays, under which 
the characteristics of source cultures were not changed (Ellis et al., 1996b; Hu et al., 
2005; Noutsopoulos et al., 2006; Sahinkaya and Dilek, 2007). 
On the other hand, if the objective is to determine the maximum metabolic 
capabilities of a culture, very large values of S0/X0 and S0/KS should be chosen. The 
physiological changes that must occur to allow an organisms’ activity to increase 
until it reaches the maximum rate can only occur in a batch assay if S0/X0 is high 
enough to allow several cell divisions to occur and S0 is greater than KS (Grady et al., 
1996). Specifically, if the value of S0/X0 is higher than 20 (on a COD basis), bacteria 
can grow unrestricted and the parameters should have good identifiability. The kinetic 
parameters measured under these conditions are referred as “intrinsic”, because 
theoretically they are not influenced by culture history and represent the inherent 
nature of the bacteria. Generally, intrinsic parameters are most useful for comparing 
the biodegradability of organic compounds (Grady et al., 1999). 
To evaluate the impact of different kinetic assay methods on Monod kinetic 
estimates, Stasinakis et al. (2003) compared qmax values obtained under high S0/X0 
ratio (=20) and low S0/X0 ratio (=1.5) conditions. They found that the maximum 
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substrate utilization rate estimates obtained at high S0/X0 ratios were higher than those 
obtained at low S0/X0 ratios. Further, the difference in the kinetic estimates obtained 
at high and low S0/X0 ratios decreased as the SRT of the continuous flow reactor from 
which the inoculum for batch assays was obtained decreased, which highlights the 
conditions under which culture history has an impact on kinetic parameter estimates. 
At low SRTs in the source culture, the cells were already growing at a high rate. Thus, 
increasing S0/X0 in the batch assay had relatively little impact on the rate of 
biodegradation. 
Unfortunately, most reports of kinetic parameter estimates do not describe the 
initial experimental conditions, which make the significance of these estimates 
unclear. Consequently it is difficult to utilize these estimates in bioremediation 
applications and model simulations. 
2.3.3 Previous work on estimating dehalorespiration kinetics 
A variety of methods have been used to estimate the Monod kinetic parameters 
for various dehalorespiring cultures, as summarized in Table 2.3. Batch cultures have 
been widely used in the dehalorespiration kinetic assays. In some cases, parameter 
estimates were obtained in batch assays by fitting single substrate batch depletion 
curves to the Monod equation (Cupples et al., 2003; Smatlak and Gossett, 1996). In 
other cases, multiple batch cultures with different initial substrate concentrations were 
prepared and employed to estimate Monod kinetic parameters (Haston and McCarty, 
1999; Yu et al., 2004). In this method, the initial dechlorination rate is measured 
before substantial biomass growth occurs and is plotted as a function of substrate 
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concentration. Chemostat cultures can also be used to estimate kinetic parameters, 
and this method was used to estimate Monod kinetic parameters for several 
Desulfitobacterium strains under PCE-limiting conditions (Gerritse et al., 1999). 
The kinetics of reductive dechlorination are of central importance in this research 
project due to their role in determining the outcome of competition between 
dehalorespiring populations for growth substrates. For example, compared with 
heterotrophic dehalorespirers, dehalorespirers that use H2 as the ultimate electron 
donor for dehalorespiration generally have higher yield coefficients. However, 
organic compounds, such as acetate (8 electron eq per mol) and lactate (12 electron 
eq per mol) can provide more electrons per mol than H2 (2 electron eq per mol). Thus, 
organic electron donors should theoretically have greater reductive dechlorination 
potential than H2 on a mol basis. 
The reported maximum specific substrate utilization rates for chlorinated ethenes 
by Dehalococcoides species are 3 μmol/mg VSS·h or lower. The maximum specific 
substrate utilization rates previously reported for PCE-to-cis-DCE- or (PCE-to-TCE)-
respiring organisms are one or two magnitude higher than those of Dehalococcoides 
cultures. Considering that the yield coefficients of these PCE-to-cis-DCE- 
dehalorespirers are only slightly lower than those of Dehalococcoides species, it 
follows that the former group also has higher maximum specific growth rates than the 
Dehalococcoides cultures. This is important because it suggests the PCE-to-cDCE 
dehalorespirers might outcompete Dehalococcoides species for more chlorinated 
ethenes, i.e., PCE and TCE at contaminated sites and result in accumulation of cis-
DCE under electron donor limiting conditions (Becker, 2006). 
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It should be noted that there is considerable variability in the parameter estimates. 
For examples, for mixed cultures containing Dehalococcoides species, the maximum 
specific substrate utilization rates for PCE, TCE, DCE, and VC ranged from 0.08 to 
1.8 μmol/ mg VSS·h for PCE. The variability in reported values may result from the 
differences in the Dehalococcoides species or other populations in the mixed cultures. 
As discussed above, the kinetic parameter estimates may also be influenced by the 
initial conditions of the batch cultures that were used in the kinetic assays (Grady et 
al., 1996). 
Because of uncertainties regarding the initial conditions used in these assays and 
the variabilities in the estimated values because of differences in methodologies and 
initial conditions, a consistent set of estimated values must be obtained for the 
dehalorespiring cultures. This information is needed for accurate description and 
prediction of the concentrations of chlorinated ethenes and dehalorespiring 
populations at contaminated sites. 
2.4 Competition for limiting substrates in mixed cultures 
2.4.1 Limiting substrates in the reductive dechlorination process 
The electron donor, the electron acceptor, or both substrates can limit the 
dehalorespiration process according to Equation 2.1. There is no systematic approach 
for determining whether the electron donor, acceptor, or both substrates limit a 
biological process. However, Grady et al. (1999) noted that when the dimensionless 
substrate concentration (S/KS) of one substrate is in stoichiometric excess compared 
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to the dimensionless concentration of the other substrate, then the substrate with the 
smaller dimensionless concentration is limiting. 
Under natural conditions, subsurface environments are generally oligotrophic. 
Thus, the availability of electron donors is often thought to limit in situ 
bioremediation of chlorinated ethene contamination (McCarty and Semprini, 1994; 
Gossett and Zinder, 1996; Vogel et al., 1994). However, when engineered 
bioremediation is applied to contaminated sites, electron donors are frequently added 
in excess compared with electron acceptors. In this type of situation, the electron 
acceptor(s) will limit the dehalorespiration process. 
As discussed below, competition between dechlorinators and other groups of 
hydrogenotrophic microorganisms, such as methanogens for H2 has been shown in 
numerous studies to affect the in-situ bioremediation of chlorinated ethene 
contamination (Fennell et al., 1997; Fennell and Gossett, 1998; Löffler et al., 1999; 
McCarty, 1997; Smatlak et al., 1996; Yang and McCarty, 1998). However, systematic 
experimental evaluation of competition among dehalorespiring cultures for electron 
donors and acceptors has not yet been completed, although Grostern and Edwards 
(2006) observed competition between Dehalobacter and Dehalococcoides for 
electron donors and Becker (2006) used mathematical modeling to theoretically 
evaluate the competition for electron donors and/or acceptors among two 
dehalorespirers in three scenarios (as discussed below). 
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2.4.2 Distribution of chlorinated ethene dechlorinators in environments 
Microorganisms capable of dehalorespiring chlorinated ethenes are assumed to be 
widely distributed in the environment because numerous dehalorespiring 
microorganisms have been detected and isolated from pristine and chlorinated ethene-
contaminated sites, and reductive dechlorination of chlorinated ethenes is frequently 
observed in subsurface environments (Bradley, 2003). Currently, most methods used 
to detect and quantify dehalorespiring populations rely on molecular techniques 
including 16S rRNA gene-based polymerase chain reaction (PCR) amplification and 
fluorescent in situ hybridization (FISH) (Fennell et al., 2001; Hendrickson et al., 2002; 
Yang and Zeyer, 2003; Aulenta et al. 2004). In addition, quantification of the activity 
of specific dehalogenase genes is increasingly being used to accurately assess the 
dechlorinating potential at the contaminated sites (Holmes et al., 2006; Lee et al., 
2006). 
Because they are the only microorganisms known to dehalorespire beyond DCE 
and VC, studies of indigenous dehalorespirers have focused on characterizing the 
distribution of Dehaococcoides strains. For example, Hendrickson and coworkers 
(2002) tested samples from 24 chlorinated ethene-contaminated sites for the presence 
of Dehalococcoides-like 16S rRNA sequences. The detection of Dehalococcoides-
like sequences at contaminated sites where complete dechlorination of PCE and TCE 
occurred, and their absence at sites where dechlorination stopped at the level of cis-
DCE, suggests that Dehalococcoides strains play an important role in the natural 
attenuation of chlorinated ethenes (i.e., dechlorination of the lesser chlorinated 
ethenes) and are promising candidates for use in engineered bioremediation 
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approaches, especially bioaugmentation (Löffler et al., 2000; Fennell et al., 2001; 
Hendrickson et al., 2002; Richardson et al., 2002). 
However, in other studies the accumulation of cis-DCE or VC was observed at 
contaminated sites where Dehalococcoides species were detected indicating that the 
presence of Dehaococcoides species does not guarantee complete dechlorination of 
PCE (Daprato et al., 2007; Fennell et al., 1997; 2001; Lendvay et al., 2003; Lu et al., 
2006; Macbeth et al., 2004; Zheng et al., 2001). In fact, a growing number of field 
and enrichment culture studies have demonstrated that, dehalorespirers that cannot 
dehalorespire beyond cis-DCE may be present together with Dehaococcoides species. 
For example, Desulfuromonas michiganensis strain BRS1 was isolated from a 
PCE-to-ethene-dechlorinating consortium that also contained Dehalococcoides 
species and was derived from a PCE-contaminated site (Bechman Road Residential 
Wells Site) (Lendvay et al., 2003). It is possible that the Desulfuromonas  
michiganensis strain grew primarily on non-chlorinated electron acceptors (Table 2.3) 
in the contaminated aquifer. 
On the other hand, PCE-to-cDCE dechlorinators like Desulfuromonas  
michiganensis tend to have faster substrate utilization kinetics than the known 
Dehalococcoides strains. Becker (2006) showed theoretically that, when sufficient 
electron donor is provided, the high substrate utilization rates of PCE-to-TCE or 
PCE-to-cis-DCE dehalorespirers allow them to compete successfully for PCE and 
TCE, while Dehalococcoides strains use the remaining electron donor to dechlorinate 
the lesser chlorinated ethenes (cis-DCE and VC). Thus, it is possible that the 
Desulfuromonas michiganensis and Dehalococcoides strains coexisted at the 
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Bachman Road Residential Wells Site by functioning as PCE-to-cDCE and cDCE-to-
ethene dechlorinating specialists, respectively. In another study, Desulfitobacterium-
like dehalorespirers were detected in an anaerobic culture that also contained 
Dehalobacter strains and was obtained from a PCE-contaminated site where complete 
PCE dechlorination was observed (Yang et al., 2005). The analysis provided by 
Becker (2006) again suggests that specialization by two dechlorinating populations 
could explain their coexistence with the Desulfitobacterium strains dechlorinating at 
least a portion of the PCE to cis-DCE and the Dehalococcoides strain “cleaning up” 
the lesser chlorinated ethenes. 
Dehalobacter species, like Dehalococcoides strains, are restricted to the use of H2 
as the electron donor. Thus these two species will compete for the electron donor, and 
possibly electron acceptors, if they are present together. Dehalobacter species were 
detected with Dehalococcoides species in an anaerobic methanogenic consortium that 
can completely dechlorinate PCE into ethene (Da Silva et al., 2006; Zheng et al., 
2001). In this mixed dehalorespiring culture, the concentration of Dehalobacter 
species is three times that of Dehalococcoides species, based on quantification of 16S 
rRNA gene copies. Because Dehalobacter species can only use PCE and TCE as 
electron acceptors, it is likely that Dehalococcoides strains are growing primarily on 
DCE and possibly VC. Similar findings were obtained by Daprato et al. (2007), who 
examined three dechlorinating consortia that were enriched with PCE and methanol. 
In all of the consortia, the concentrations of gene copies of the Dehalobacter species 
were higher than the Dehalococcoides species. Interestingly, the consortium with the 
highest concentration of Dehalococcoides had the lowest dechlorination rate of PCE, 
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which implies the concentration of Dehalobacter might determine the dechlorination 
rate. 
In some cases, more than one PCE-to-cis-DCE respirer has been found with 
Dehalococcoides in mixed cultures or at contaminated sites. For example, in a sand 
column reactor that was inoculated with the mixed culture used by Da Silva et al. 
(2006), Sulfurospirillum and Desulfuromonas species were detected. These genera 
contain both dehalorespiring and non-dehalorespiring members. Because these 
species were not detected in the source culture, one explanation is that the sand used 
for the column reactor contained these organisms. At a TCE-contaminated site, where 
TCE was completely dechlorinated only after the addition of lactate, two 
proteobacterial phylotypes most similar to Trichlorobacter thiogenes and 
Sulfurospirillum multivorans, which are known dechlorinators, were detected along 
with a Dehalococcoides-like phylotype (Macbeth et al., 2004). The Dehalococcoides 
strain did not dominate the consortium suggesting that other organisms play an 
important role in the detoxification of TCE. One possibility is that the 
Dehalococcoides strain was responsible for dehalorespiring cis-DCE or VC produced 
from the dechlorination of TCE by the other dehalorespirers. 
A number of diverse species that could potentially carry out dehalorespiration 
were found in a PCE-contaminated aquifer in Germany (Nijenhuis et al., 2007). 
Potential dechlorinating organisms including Dehalococcoides, Desulfuromonas, 
Desulfitobacterium and Dehalobacter were demonstrated to be present. Because the 
sequences of Dehalococcoides derived in the field were most closely related to 
Dehalococcoides sp. BAV1, which is capable of dechlorination of DCE and VC (He 
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et al., 2003), the other dehalorespirers were considered to be responsible for 
transformation of PCE to cis-DCE. 
2.4.3 Electron donor thresholds 
Competition for H2 between dehalorespirers and other hydrogenotrophic 
microorganisms, such as methanogens, homoacetogens, and denitrifiers, has been 
studied in detail (Fennell et al., 1997; Fennell and Gossett, 1998; Smatlak et al., 1996; 
Yang and McCarty, 1998). These studies indicated that low H2 concentrations (2-11 
nM) favor growth of dehalorespirers over other hydrogenotrophic organisms, because 
dehalorespirers can consume H2 to a lower minimum concentration, i.e., threshold, 
than the other hydrogenotrophic organisms (Löffler et al., 1999). Reported H2 
thresholds and changes in the standard Gibbs free energy (ΔGo′) for several common 
hydrogen-consuming anaerobic terminal electron accepting processes (TEAPs) are 
shown in Table 2.4. In general, as the amount of free energy released from a TEAP 
increases, the H2 threshold decreases. Dehalorespiration is a highly favorable 
thermodynamic process, and dehalorespiring bacteria appear to have lower H2 
threshold concentration than acetogens, methanogens, and sulfate reducers, which 
carry out less favorable forms of anaerobic metabolism. When H2 concentrations are 
limiting growth and become low, dehalorespirers may be able to decrease the 
concentration of H2 below the thresholds of other populations. When the H2 
concentration drops below an organism’s threshold, it will no longer be able to take 
up H2, resulting in net decay. This can be understood by recognizing that H2 
thresholds are related to the concept of Smin [M·L-3], the substrate concentration below 











                      (2.6) 
The factors controlling thresholds are probably more complex, but Equation 2.6 
helps explain why ΔGo′ and the associated threshold concentration are inversely 
related. As ΔGo′ increases, Y increases, and Smin (or the threshold concentration) 
decreases. However, it is also clear from Equation 2.6 that the kinetic characteristics 
(KS and qmax) of an organism can also affect its threshold. Therefore, while the 
thresholds of different dehalorespirers are expected to fall within a similar range of 
values, there might be some differences due to variations in their kinetic 
characteristics. 
The phenomenon of the thresholds is not limited to H2. Thresholds have been 
observed for other electron donors, including acetate, in dehalorespirers and other 
groups (He and Sanford, 2004; Sung et al., 2006). Dehalorespiration has a lower 
threshold for acetate compared with methanogenesis, as shown in Table 2.4. However, 

















Eo′ (V) Reference 
Acetogenesis 336-3640 -26.1 -0.28 Breznak, 1994; Cord-Ruwisch et al., 1988 
Methanogenesis 5-95 -33.9 -0.24 
Conrad, 1996; Cord-
Ruwisch et al., 1988; 
Lovley, 1985; Lovley 
and Goodwin, 1988 
Sulfate reduction 
(SO42-→HS-) 
1-15 -38.0 -0.22 
Conrad, 1996; Cord-
Ruwisch et al., 1988; 
Lovley and Goodwin, 
1988 
Fumarate 
reduction 0.015 -86.2 +0.032 




0.015-0.025 -149.9 +0.36 Conrad, 1996; Cord-Ruwisch et al., 1988 
Denitrification 
(NO3-→N2O, N2) 
<0.05 -240 +0.79 
Lovley and Goodwin, 
1988; Lovley et al., 
1994 
Fe(III) reduction 0.1-0.8 -228.3 +0.77 
Conrad, 1996; Lovley 
and Goodwin, 1988; 
Lovley et al., 1994 
H2 
Dehalorespiration <0.3 -130 to -187 +0.30 to +0.55 Loffler et al., 1999 
Methanogenesis 7,000–69,000   Jetten et al., 1990 
Dehalorespiration 3-69   
He and Sanford, 




3.6   Sung et al., 2006 
Acetate 
Fe(III) reduction 1.2-19   
He and Sanford, 
2004; Sung et al., 
2006 
 
Threshold concentrations are expected to affect competition for electron donors 
only when they are limiting and present at low concentrations. This is likely to occur 
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at contaminated sites undergoing natural attenuation or some distance downgradient 
from electron donor delivery locations at sites where biostimulation is being applied. 
In laboratory systems, thresholds are most important in batch reactors in which the 
concentration of the limiting substrate can decrease until the threshold is reached or in 
continuous-flow systems operated with extremely long solid retention times. Under 
these conditions, differences in threshold concentrations may affect the outcome of 
competition for electron donors between different groups of organisms. The effect of 
thresholds on kinetics can be incorporated by including a threshold term into the 
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where Sd,threshold is the electron donor threshold concentration for the dehalorespirer. 
Clearly when the aqueous concentration of the electron donor is lower than the 
threshold, no dechlorination will occur. 
2.4.4 Competition in batch culture 
In batch cultures, the outcome of competition between two organisms is primarily 
determined by the magnitude of qmax and KS for each species. When the two species 
compete for the same limiting substrate, each organism will grow at its maximum rate 
if the limiting substrate concentration is much higher than the KS value until the 
limiting substrate is exhausted (Pirt, 1975). The organism with the higher qmax will 
reach a higher biomass concentration, but will not eliminate the other population from 
the batch culture. If the limiting substrate concentration is low compared with KS, 
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then the growth of both cultures will be lower than the maximum possible rate. The 
ratio of qmax/KS will determine which organism will be dominant in the mixed culture 
system. 
As discussed in the previous section, if the limiting substrate is electron donor, the 
outcome of the competition in batch cultures will also be influenced by the threshold 
concentrations of the competing organisms. For example, dehalorespirers can 
outcompete other hydrogenotrophic organisms in batch cultures under low H2 
concentrations because they have lower H2 thresholds (Ballapragada et al., 1997; 
Fennell et al., 1997; Fennell and Gossett, 1998; Smatlak et al., 1996; Yang and 
McCarty, 1998). 
In batch cultures, the feeding interval can also have a big impact on the outcome 
of competition between two populations. For example, model simulation of 
competition for substrates between Dehalobacter restrictus and Dehalococcoides 
ethenogenes (Figure 2.3A) showed that the two populations were present at 
approximately the same concentration at the end of the simulation when the feeding 
interval was 48 hours (Becker, unpublished data). However, when a feeding interval 
of 12 hours was used, Dehalobacter restrictus, which have high qmax and lower KS 
values, outcompeted Dehalococcoides ethenogenes (as shown in Figure 2.3B). The 
explanation for the different outcome is most likely the amount of time each organism 
spends in lag phase under the different feeding regimens. Because Dehalobacter 
restrictus can only utilize PCE and TCE as electron acceptors, whereas 
Dehalococcoides ethenogenes can also respire cis-DCE, Dehalobacter restrictus 
spends much more time in lag phase compared with Dehalococcoides ethenogenes 
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when the 48 h feeding interval was used. When a 12 h feeding interval is used, neither 
population spends much time under substrate depleted conditions, so this effect is 
minimized. 
  
Figure 2.3 Competition between Dehalobacter restrictus and Dehalococcoides 
ethenogenes in semi-continuous cultures with (A) 48 hour feeding interval, and (B) 
12 hour feeding interval. 
2.4.5 Competition in chemostat culture 
In batch cultures, substrates become limiting only at the end of a feeding cycle. In 
contrast, in chemostats, growth in generally limited continuously by substrate 
availability. The limitation of substrate concentrations on growth make chemostat 
cultures ideally suited for studying competition between dehalorespirers (Pirt, 1975). 
In chemostat cultures, the substrate concentrations are not only controlled the by the 
utilization kinetics, but also by the dilution rate (D, where D=Q/V). If D is faster than 
the rate an organism can grow, which is expressed by μ, then the organism will be 
washed out. When two species grow on the same limiting substrate, the relationships 





























Figure 2.4. If there is an intersection between the μ-S curves of the two species, as 
shown in Figure 2.4B, then the dilution rate will determine which population is 
dominant. XS is the substrate concentration that results in the same specific growth 
rate ( xμ ) for both populations (Figure 2.4). If the chemostat reactor can be 
maintained at the critical dilution rate ( XD ) equal to xμ , a steady-state between the 
two species can be established. For the two populations represented in Figure 2.4, at 
all xD μ< , population B will be dominant, and population A will be dominant at 
all xD μ> . However, if there is no intersection between the μ-S curves of the two 
species, as shown in Figure 2.4A, then the species with higher μmax and lower KS will 










Figure 2.4 The possible relations between the specific growth rate (μ) 
and growth-limiting substrate concentration (S) of two species (a) and 
(b): A. without intersection, B. with intersection. 
 
As mentioned above, two populations that compete for the same limiting substrate 




addition, two populations can be maintained in a chemostat reactor if one population 
can grow on the product(s) of the other population. For example, if a 
Dehalococcoides species cannot outcompete a PCE-to-cDCE respiring population for 
PCE and TCE in a chemostat because of its lower qmax value (Table 2.3), it may be 
possible for it to grow by utilizing cis-DCE and VC, which are daughter products of 
PCE, as electron acceptors. In this case, it may be possible to maintain both 
populations at a steady state (Pirt, 1975). Becker (2006) demonstrated this 
phenomenon by using mathematical simulations, in which populations of 
Dehalococcoides ethenogenes compete with either Desulfuromonas michiganensis 
strain BB1 or Desulfitobacterium sp. strain PCE1 under engineered bioremediation 
conditions, i.e., electron acceptor-limiting conditions. The model simulation predicted 
that Desulfuromonas michiganensis strain BB1 or Desulfitobacterium sp. strain PCE1 
could be sustained by respiring most of the PCE and, in the case of Desulfuromonas 
michiganensis strain BB1, most of the TCE. Dehalococcoides ethenogenes was 
sustained on cis-DCE. Similar results were found by Grostern and Edwards (2006) 
experimentally using a mixed 1,1,2-TCA-degrading culture that contained 
Dehalobacter and Dehalococcoides species. In the experiments, the Dehalobacter 
strain grew by dechlorinating 1,1,2-TCA to VC only and Dehalococcoides grew only 
on the dechlorination of VC to ethene. If both hydrogenotrophic and heterotrophic 
dehalorespiring populations can be maintained in mixed cultures, it makes it possible 
to take advantage of the reducing equivalents available in the form of both H2 and the 
organic acids produced from the fermentation of organic electron donors added to 
biostimulate reductive dechlorination. Therefore, from a bioremediation standpoint, 
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maintenance of multiple dehalorespiring populations appears ideal because it may 
result in the fastest and most extensive dechlorination. 
2.5 Summary and conclusion 
As reviewed above in this chapter, chlorinated ethenes are ubiquitous 
contaminants in soil and groundwater. Many studies have suggested that in-situ 
bioremediation based on anaerobic reductive dechlorination is an efficient technique 
to cleanup chlorinated ethene contamination in subsurface environments (Aulenta et 
al., 2005; Lendvay et al., 2003; Major et al., 2002). However, incomplete 
dechlorination of PCE or TCE which results in accumulation of cis-DCE and VC is 
frequently observed at contaminated sites (Major et al. 2002). There may be several 
reasons for the incomplete dechlorination of PCE, including the absence of 
appropriate dechlorinating populations and insufficient electron donors (Fennell et al., 
2001). 
So far, Dehalococcoides species are the only pure cultures that can dehalorespire 
beyond cis-DCE. They were found at chlorinated ethene-contaminated sites where 
complete dechlorination occurs. However, the detection of Dehalococcoides species 
does not guarantee complete dechlorination of chlorinated ethenes, in part because it 
may be difficult for Dehalococcoides strains to compete with other dehalorespirers 
(Becker, 2006) or hydrogenotrophic and acetotrophic populations because of 
unfavored conditions for Dehalococcoides strains (Fennell et al, 1997). This is 
important because all these microorganisms have been shown to be present in 
subsurface environments where chlorinated ethene contamination occurs. For 
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example, Smatlak et al. (1996) studied effect of hydrogen concentration on 
dechlorination of PCE in a methanogenic consortium and showed that the half-
velocity constant for dechlorination of PCE is much lower than that of 
methanogenesis. Thus dehalorespirers can theoretically out-compete methanogens for 
hydrogen utilization under low hydrogen concentrations. This conclusion was also 
confirmed by experimental studies of Ballapragada et al. (1997) and modeling work 
of Fennell and Gossett (1998). 
Heterotrophic dehalorespirers generally have higher specific dechlorination rates 
than Dehalococcoides species. Because chlorinated ethene-respiring bacteria differ 
with respect to the rate and extent of dechlorination, competition among them for 
electron donors and acceptors can have a major impact on the fate of chlorinated 
ethenes in in-situ bioremediation. Therefore, understanding the competition among 
dehalorespiring bacteria is key to predicting the outcome of bioremediation and the 
development of bioremediation strategies. Unfortunately, the lack of a consistent set 
of dehalorespiration kinetic parameters currently limits our ability to advance our 
progress in this area Therefore, it is necessary to estimate meaningful 
dehalorespiration kinetic parameters under the same, defined sets of conditions, i.e. 
use these values to mathematically predict the outcome of competition among 




Chapter 3:  Intrinsic Monod kinetics and their implications 




Several bacterial strains, including members of the genus Dehalococcoides 
(Cupples et al. 2003; He et al. 2003b; 1997; Sung et al. 2006b), use H2 as an electron 
donor in the dehalorespiration of tetrachloroethene (PCE) and trichloroethene (TCE). 
Other dehalorespirers, such as Desulfitobacterium (Gerritse et al. 1999; Gerritse et al. 
1996; Miller et al. 1997; Suyama et al. 2001) and Desulfuromonas (Krumholz 1997; 
Sung et al. 2003) strains can use a range of organic electron donors, but not H2. To 
predict the activities of these organisms and their effects on contaminant fate in 
groundwater systems using mathematical models, accurate and meaningful kinetic 
parameter estimates are needed. Relatively few kinetic parameter estimates have been 
reported in the literature. Several studies described kinetics of mixed cultures (Haston 
and McCarty 1999; Smatlak et al. 1996; Yu et al. 2005; Yu and Semprini 2004). 
However, interpretation of the kinetics of mixed cultures may be complicated by the 
presence of multiple dehalorespiring cultures. Modeling (Becker 2006) and 
experimental studies (Bunge et al. 2007; Yang et al. 2005) have shown that under 
some conditions, biostimulation with an organic electron donor like lactate or 
benzoate may sustain heterotrophic dehalorespirers as well as Dehalococcoides 
strains. Thus, chlorinated ethene removal kinetics measured with mixed cultures may 
not reflect the activities of individual dehalorespiring populations, which likely 
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function as PCE-to-TCE or dichloroethene (DCE)-dechlorinating specialists under 
some conditions (Becker 2006; Bunge et al. 2007). Under other circumstances, 
multiple dehalorespiring populations may compete for limiting amounts of the 
chlorinated ethenes and/or electron donor(s). Thus, good kinetic parameter estimates 
are particularly important for understanding whether the activities of multiple 
dehalorespiring populations complement each other or negatively impact contaminant 
fate.  
The reported chlorinated ethene utilization kinetics for pure dehalorespiring 
cultures vary considerably. Some of the differences in the parameter estimates may 
reflect true differences in the inherent kinetic characteristics of different organisms. 
However, several interrelated factors pertaining to the method used to culture the 
organisms and determine the kinetic parameters including culture history and 
parameter correlation, can also have a major impact on the estimated values (Grady et 
al. 1996). When batch culture assays are used, the influence of these factors in the 
parameter estimates is related to the initial experimental conditions. The ratio of the 
initial substrate concentration (S0) [MS L-3] to the initial biomass concentration (X0) 
[MX L-3] is important because it determines how much culture history affects 
parameter estimates. At very low S0/X0 ratios, the cells cannot grow in the batch assay. 
Thus, the parameters estimated under these conditions reflect the kinetics in the 
source environment (e.g., a bioreactor or groundwater aquifer) where biodegradation 
activity may have been restricted by substrate availability. Because culture history 
controls the kinetic parameter estimated under non-growth or “extant” conditions, 
they generally are not relevant to other systems. According to Grady et al. (1996), 
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extant kinetics can be estimated when S0/X0 is less than 0.025 for typical heterotrophs 
and electron donor substrates, when both S0 and X0 are expressed on the basis of 
chemical oxygen demand (COD). In contrast, if a large amount of substrate is 
provided relative to the biomass concentration, then the cells will be able to grow 
without restriction. Kinetics measured under these conditions are known as “intrinsic 
kinetics”, and are independent of any limits on substrate availability in the source 
environment. It is recommended that S0/X0 > 20 (on a COD basis) be used to 
determine intrinsic kinetics for typical organisms growing on electron donor 
substrates. From a practical prospective, intrinsic kinetic parameters may be useful 
for comparing the inherent or ultimate biodegradation capability of microbial cultures 
or predicting their performance in applications involving abundant substrates. One 
such application is the use of biostimulation in engineered in-situ bioremediation 
applications. 
In this study, the guidelines of Grady et al. (1996) were adapted and used to 
determine intrinsic and identifiable Monod kinetic parameter estimates for two 
heterotrophic dehalorespirers, Desulfuromonas michiganensis strain BB1 and 
Desulfitobacterium sp. strain PCE1, under both electron donor- and acceptor-limiting 
conditions. We found that the maximum specific substrate utilization rates for PCE 
and TCE (qmax,PCE and qmax,TCE [MS MX-1 T-1]) and half-saturation constants for PCE 
and TCE (KS,PCE and KS,TCE [MS L-3]) estimated for the two heterotrophic strains are 
higher than the values reported for Dehalococcoides cultures. Intrinsic kinetic 
parameter estimates for the chlorinated ethenes could reliably be obtained at S0/X0 > 
10, but these values do not accurately describe dechlorination rates at S0/X0 < 10. This 
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study also suggests that determination of electron donor utilization kinetic parameters 
should be made independently of parameters describing dehalorespiration unless 
reliable estimates of fe° (the fraction of total electron donor reducing equivalents used 
in energy generation) are available. 
3.2 Materials and Methods 
3.2.1 Chemicals 
PCE (99%, Spectrum Chemical Mfg. Corp.), TCE (99.9%, Fisher Scientific), and 
cis-DCE (99.9%, Supelco) were used in kinetic experiments and preparation of 
analytical standards. Sodium acetate (Certified ACS) was obtained from Fisher 
Scientific and sodium L-lactate (60% wt. solution) was obtained from Acros Organics. 
[1,2-14C]sodium acetate ([14C]acetate, 98.8%, 110 mCi/mmol) was obtained from 
Moravek Biochemicals and Radiochemicals (Brea, CA), and [1,2-14C]sodium lactate 
([14C]lactate, >95%, 110 mCi/mmol) was obtained from Sigma-Aldrich Co. (St. Louis, 
MO). 
3.2.2 Culture maintenance 
Desulfuromonas michiganensis strain BB1 (DSM 15941) was grown on the low 
chloride medium described by Sung et al. (2003). Desulfitobacterium sp. strain PCE1 
(DSM 10344) was grown on the basal medium described by Gerritse et al. (1996). To 
ensure that all cultures used for batch culture kinetics parameter determinations and 
competition experiments had the same culture history and were always at the same 
physiological state, the cultures were maintained on a semi-continuous culture basis 
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in 160-ml serum bottles and incubated statically at 30oC in the dark. Every 4 d: (1) 
the headspace of each culture was purged with O2-free N2 gas (Ultra pure carrier 
grade, Airgas East) for 15 min, to remove daughter chlorinated ethenes, followed by 5 
min with O2-free CO2/N2 (20%/80%, V/V, Airgas East), to equilibrate bicarbonate in 
the medium; and (2) 20-ml of culture was replaced with fresh media to give a solids 
retention time (SRT) of 20 d (dilution rate of 0.05 d-1). Strain BB1 was supplied with 
100 µM of acetate and 20 µmol of PCE, which results in an aqueous PCE 
concentration of 100 µM at 30˚C. Strain PCE1 was routinely fed with 250 µM lactate 
and 50 µmol of PCE, which corresponds to an aqueous PCE concentration of 
approximately 250 µM at 30˚C. 
3.2.3 Reductive dechlorination kinetic model 
At non-inhibitory chlorinated ethene concentrations, dehalorespiration of PCE can 
be described using a modified dual Monod model (Eq. 3.1) that includes a threshold 
term for the electron donor Sd,threshold [MS L-3], which represents the concentration 
below which the substrate cannot be utilized (Cupples et al. 2004; Fennell and 
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where SPCE [MS L-3] is the aqueous concentration of PCE, X [MX L-3] is the biomass 
concentration, Sd [MS L-3] is the concentration of the electron donor, and KS,d [MS L-3] 
is the half-saturation constant for the electron donor. 
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Recent studies (Cupples et al. 2004; Yu et al. 2005; Yu and Semprini 2004) 
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where STCE [MS L-3] is the aqueous concentration of TCE, and KI,PCE [MS L-3] is the 
competitive inhibition coefficient. Growth of dechlorinating strains that respire PCE 
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where Y [MX MS-1] is the yield coefficient, and kd [T-1] is the decay coefficient. The 
second term on the right side of Equation (3) is neglected for strain PCE1, which does 
not respire TCE. 
3.2.4 Determination of Monod kinetic parameters 
Intrinsic KS and qmax values for electron donors and electron acceptors were fit to 
single substrate depletion curves obtained using batch cultures. For determination of 
electron donor kinetics, an initial acetate concentration of 90 µM (5.8 mg COD/L) 
was supplied to 0.22 mg VSS/L (0.29 mg COD/L) of strain BB1 biomass to obtain an 
S0/X0 ratio of 20 on a COD basis, as recommended (Grady et al. 1996). PCE was 
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added at twice the stoichiometric requirement based on the initial acetate 
concentration (50 µmol of PCE or 320 µM at 30oC) to ensure it was provided in 







⎟ ⎟ term in Equation (3.1) 
approaches unity and, thus, the effects of SPCE on electron donor kinetics could be 
neglected. For strain PCE1, the initial lactate and biomass concentrations were 100 
µM (10.0 mg COD /L) and 0.35 mg/L VSS (0.5 COD mg/L), respectively. Electron 
donor-limiting conditions were ensured by adding 60 µmol PCE (or 384 µM at 30°C) 
to strain PCE1. The initial conditions used to determine electron acceptor kinetics 
were selected to ensure that the kinetic parameter estimates were intrinsic and 
independent of the electron donor concentration. For strain BB1, X0 = 0.12 mg VSS/L 
(0.17 mg COD/L), S0,donor = 1500 µM acetate (97 mg COD/L), and S0, PCE = 120 µM 
(or S0,TCE = 200 µM). For strain PCE1, X0 = 0.73 mg VSS/L (1.0 mg COD/L), S0,donor 
= 5000 µM lactate (486 mg COD/L), and S0,PCE = 336 µM. The competitive inhibition 
term in Equation (2) could be neglected in the determination of qmax,TCE and KS,TCE for 
strain BB1 because PCE was not present. 
Three (for electron donor-limiting conditions) or four (for electron acceptor-
limiting conditions) replicate 100-mL batch cultures were used for each kinetic 
parameter determination experiment and maintained in 160-mL serum bottles sealed 
with black butyl rubber septa (Geo-Microbial Technologies Inc., Ochelata, OK). PCE 
(or TCE) was added to the serum bottles at least 1 d before initiating an experiment to 
allow it to equilibrate between the aqueous and gas phases. Semi-continuous cultures 
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were maintained for more than 60 d or three SRTs before being used as the inoculum 
in kinetic assays to ensure that that the cultures were at steady-state. 
Y was independently determined by measuring the change in protein and 
chlorinated ethene concentrations during a finite period of exponential growth in the 
batch assays according to  
     Y = ΔX
ΔS
               (3.4) 
The estimates of Y made using protein analyses were confirmed by measuring 16S 
rRNA gene copy numbers using quantitative polymerase chain reaction amplification 
(qPCR). The following assumptions were made: (1) the average molecular weight for 
a base pair in double-stranded DNA is 660 g/mol, (2) one 16S rRNA gene operon per 
genome (He et al. 2003a), (3) the genome size of strain BB1 is similar to the 3.8 Mbp 
of Desulfuromonas acetoxidans (NCBI 2006), and (4) the genome size of strain PCE1 
is similar to the 5.7 Mbp of Desulfitobacterium hafniense strain Y51 (Nonaka et al. 
2006). The initial biomass concentrations (X0) in the kinetic assays were calculated 
based on measured biomass concentrations in the source culture. 
For each replicate, the estimates of Y and X0 and the measured concentrations of 
the limiting substrate were fit individually to the integrated form of Monod equation, 



































            (3.5) 
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by non-linear regression analysis (Smith et al. 1998). For determination of electron 
donor kinetics, the term (Sd – Sd,threshold) was substituted for S in Equation (3.5). The 
averages of the individual parameter estimates were calculated and are reported, 
unless otherwise noted. 
kd was estimated for each strain following the procedure described by Cupples et 
al. (2003). Briefly, an inoculum was obtained from a semi-continuous culture and 
incubated without any electron acceptor, i.e. under non-growing conditions, which 
caused the biomass concentration to decrease over time due to endogenous decay. On 
days 0, 1, 4, 7, 10, 13, and 16, a 2.5 ml volume of the non-growing culture was 
removed and divided equally among duplicate batch cultures, each of which 
contained 97.5 ml of fresh mineral media with PCE and excess electron donor. The 
initial TCE production rate, dMTCE
dt
 [MS T-1], was determined in each of these batch 
cultures within 10 h. Biomass can be considered constant during this period and thus 
reflects the biomass concentration in the source culture at the time of sampling (Xt). 
Because dMTCE
dt




to Equation (3.6),  
































3.2.5 Identifiability analysis 
Sensitivity coefficients for the Monod kinetic parameters were calculated as the 





) (Ellis et al. 1996; 
Grady et al. 1996; Robinson and Tiedje 1983). Correlation coefficients (R2) for qmax 
and KS were calculated following the method of Liu and Zachara (2001). The linear 
interdependence of the sensitivity functions was quantified according to the 
collinearity index, γK, which is based on the sensitivity coefficients and was 
calculated following the method described by Brun et al. (2002). In this study, 
parameter estimates with a γK of less than 10 were considered identifiable, following 
recommended guidelines (Brockmann et al. 2008; Brun et al. 2002). 
3.2.6 Analytical methods 
Chlorinated ethenes were analyzed using the headspace gas chromatograph 
technique described by Gossett (1987). Protein concentrations were analyzed using 
the NanoOrange protein quantitation kit from Molecular Probes Inc. (Eugene, OR) at 
low concentrations (<1 mg/L) or the Bradford reagent kit from Sigma-Aldrich (St. 
Louis, MO) at higher concentrations. Bovine serum albumin was used for protein 
standards, and a protein-to-volatile suspended solids (VSS) ratio of 0.55 was assumed 
(Neidhardt et al. 1990).  
The concentrations of acetate and lactate in the batch culture assays were 
determined using 14C-labeled compounds following the method described by He and 
Sanford (2004). Acetate and lactate were separated from the other components using 
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a high performance liquid chromatograph (HPLC) equipped with RSpak KC-811 
column (8.0 mm ID×300 mm; Shodex, Milford, MA). The acetate and lactate 
fractions were collected using a Fraction Collector III (Waters Corporation, Milford, 
MA), and the 14C-activity was quantified by counting samples for 10 min in a 
PerkinElmer Tri-Carb Liquid Scintillation Counter (Boston, MA). 
3.2.7 DNA extraction and qPCR analysis 
DNA was extracted using the DNeasy Blood & Tissue Kit (QIAGEN; Valencia, 
CA) following the protocol provided by the manufacturer, except that an enzyme 
lysis buffer with the component of 20 mM Tris-HCl (pH 8.0), 2 mM EDTA, and 
1.2% Triton X-100, was used to resuspend the cell pellets after centrifuging (Ritalahti 
and Löffler, 2004). The final extracted DNA from 10 ml of liquid culture sample was 
dissolved in 120 µL Buffer AE of the DNA extraction kit and stored at –20˚C. The 
concentration of extracted DNA was determined spectrophotometrically (Sambrook 
and Russell 2001). 
Real-time PCR amplification of 16S rRNA gene sequences was performed in a 
Roche LightCycler® 480 System (Roche Diagnostics Corporation, Indianapolis, IN). 
The 16S rRNA gene primers used for amplification of each strain are shown in Table 
3.1. Calibration curves (log 16S rRNA gene copy concentration versus an arbitrarily 
set cycle threshold value [CT]) for each strain were obtained by using duplicate serial 
dilutions of pure culture genomic DNA. The reaction mixture consisted of (per 15 µL 
reaction volume): 10 µL of 2X LightCycler® 480 SYBR Green I Master Mix (Roche 
Diagnostics Corporation, Indianapolis, IN), 2 µL of a primer solution containing 5 
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µM of each primer, 3 µL of PCR-grade water (Roche Diagnostics Corporation, 
Indianapolis, IN). DNA template (5 µL) was added to each tube. Triplicate reactions 
were analyzed using the following temperature program: 15 min at 94˚C, followed by 
50 cycles of 30 sec at 94˚C, 20 sec at 58˚C, and 30 sec at 72˚C. 
Table 3.1 16S rRNA gene primers for Desulfuromonas michiganensis strain BB1 and 





















a Numbers refer to position in Escherichia coli 16S rRNA gene sequence. 
3.2.8 Model approach 
PCE dechlorination by Desulfuromonas michiganensis strain BB1 and 
Desulfitobacterium sp. strain PCE1 was simulated for batch cultures with different 
initial conditions (S0/X0 ratios) by modifying a previously described model (Becker 
2006). The model was changed as follows: (1) the influent and effluent flows were 
eliminated to reflect the batch nature of the experiments; (2) the reactor volume was 
increased to 160-ml to accommodate a 60-ml headspace, and chlorinated ethenes 
were allowed to equilibrate between the gas and liquid phases; and (3) the 
competitive inhibition term in Equation (3.2) was incorporated into the TCE 
utilization expression for strain BB1. KI,PCE was set equal to KS,PCE (Cupples et al. 
2004; Yu et al. 2005; Yu and Semprini 2004). The intrinsic kinetic parameter 
estimates for strain BB1 and strain PCE1 given in Table II were used along with the 
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assumed KI,PCE value to predict chlorinated ethene concentrations measured in batch 
culture assays with different S0/X0 ratios.  
3.3 Results and Discussion 
3.3.1 Electron donor kinetics 
The intrinsic qmax and KS values for strains BB1 and PCE1 under electron donor-
limiting and electron acceptor-limiting conditions summarized in Table 3.2 were fit 
using the single substrate depletion curves shown in Figures 3.1 and 3.2, respectively. 
KS,donor values have not, to our knowledge, been previously been reported for 
heterotrophic PCE-respiring populations, and there are few reported half-saturation 
constants for hydrogen utilization by dehalorespirers (Cupples et al. 2004; Löffler et 
al. 1999). The KS,donor for acetate utilization by strain BB1 (5.77 µM) is similar in 
magnitude to the minimum concentration of acetate (or other fatty acids) that is 
considered to be adequate for natural attenuation (Wiedemeier et al. 1999). It is also 
one-half of the KS,donor for acetate in an Fe(III)-citrate-grown culture (Esteve-Núñez et 
al. 2005) and orders of magnitude lower than the KS,donor values typically reported for 
aceticlastic methanogens (Pavlostathis and Giraldo-Gomez 1991). Its relatively low 
KS,acetate should be advantageous if strain BB1 has to compete with other populations 
for acetate under the electron donor-limited conditions that prevail in many 
contaminated subsurface environments. The KS,donor for lactate utilization by strain 
PCE1 (9.40 µM) is somewhat higher, but should not prevent it from competing for 
electron donor under natural attenuation conditions. When engineered bioremediation 
approaches are implemented, lactate or another organic electron donor is typically 
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added at a concentration of 100 µM or higher, e.g., (Lendvay et al. 2003). Under 
these conditions, electron donor limitation should not be a concern for either 
organism. 
 
Figure 3.1 Electron donor depletion data used to fit KS,donor and qmax,donor for (A) 
acetate utilization by Desulfuromonas michiganensis strain BB1, and (B) lactate 
utilization by Desulfitobacterium strain PCE1. Data points represent experimental 
results from triplicate batch cultures. Solid lines represent model predictions using 
average parameter estimates and dashed lines represent 95% confidence intervals. 
 
In anaerobic batch cultures, the level of the electron donor frequently decreases 
until a threshold concentration is reached below which metabolism apparently is not 
feasible (Cord-Ruwisch et al. 1988; He and Sanford 2004; Hopkins et al. 1995; Jetten 
et al. 1990; Löffler et al. 1999; Lovley and Goodwin 1988; Min and Zinder 1989; 
Sung et al. 2006a). In this study, electron donor thresholds were also observed in the 
batch assays. The acetate threshold for strain BB1 (0.41 µM) was higher than the 
acetate thresholds reported for 2-chlorophenol respiration by Anaeromyxobacter 
dehalogenans (He and Sanford 2004) and chlorinated ethene respiration by 
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Geobacter lovleyi (Sung et al. 2006a), but orders of magnitude lower than the acetate 
thresholds reported for Geobacter thiogenes (Sung et al. 2006a) and several 
acetotrophic methanogens (Jetten et al. 1990; Min and Zinder 1989; Westermann et al. 
1989). A lactate threshold of 4.33 µM was measured for strain PCE1. To our 




Figure 3.2 Electron acceptor depletion data used to fit KS and qmax for (A) PCE 
utilization by Desulfuromonas michiganensis strain BB1, (B) PCE utilization by 
Desulfitobacterium strain PCE1, and (C) TCE utilization by Desulfuromonas 
michiganensis strain BB1. Data points represent experimental results from four 
replicate batch cultures. Solid lines represent model predictions using average 




Most studies of chlorinated ethene dehalorespiration are conducted with excess 
levels of electron donors and therefore, estimates of qmax,donor are not generally 
determined. However, accurate estimates of qmax,donor are needed because these values 
may play an important role in determining the outcome of competition among 
dehalorespiring populations (Becker 2006; Becker and Seagren 2009) or between 
dehalorespirers and other populations in electron donor-limited continuous-flow 
systems. The qmax,donor values determined experimentally are given in Table 3.2 and 
highlight the importance of independently estimating qmax values for utilization of 
electron donors and acceptors by dehalorespiring bacteria. 
For example, when qmax,donor values are needed for modeling studies, they can be 
calculated based on estimates of qmax for chlorinated ethenes and the fraction of 
electron donor equivalents that are used in energy production (fe°), e.g., (Bagley 
1998). Following this approach using the qmax,PCE values experimentally determined 
in this study, a stoichiometric ratio of 1 mol acetate/mol PCE respired, and a 
previously reported fe° of 0.66 (Löffler et al. 1999), a qmax,acetate of 9.55 μmol/mg 
VSS/h is calculated for strain BB1. This is more than double the value independently 
estimated in the electron donor kinetic assay. Use of the fe° value (0.504) calculated 
based on theoretical considerations of the thermodynamics of the electron donor, 
electron acceptor, and cell synthesis half-reactions (McCarty 1971) yields an even 
higher estimate of qmax,acetate (12.6 μmol/mg VSS/h). In the present study, fe° could be 
estimated from measurements of electron donor and acceptor utilization during the 
electron donor kinetic assays (Figure 3.3). The fe° value for strain PCE1 (0.55) is 
similar to the theoretically estimated value. However, an fe° of 0.95 was determined 
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in this study for strain BB1 suggesting that dechlorination became uncoupled from 
growth, as previously observed (Sung et al. 2003). The qmax,donor values calculated 
using the fe° values of 0.55 and 0.95 for strains PCE1 and BB1, respectively, closely 
match and provide confirmation of the qmax,donor values that were fit to the substrate 
depletion data in the electron donor kinetic assays. 
 
Figure 3.3 Determination of fe° values for (A) Desulfuromonas michiganensis strain BB1 
using acetate as electron donor, and (B) Desulfitobacterium strain sp. PCE1 using lactate as 
electron donor. Data points represent individual measurements in triplicate batch cultures. 
The fe° values were determined by linear regression analysis by plotting the amount of 
electron equivalents consumed by reductive dechlorination versus the amount of electron 
equivalents provided by the electron donor. fe° values were derived from the slopes of the 






Table 3.2 Monod kinetic parameter estimates for Desulfuromonas michiganensis strain BB1 and Desulfitobacterium sp. 
strain PCE1 and several other chlorinated ethene-respiring cultures 
 
Mixed culture containing 
Dhc.-like microorganisms Culture Dsm. michiganensis strain BB1 




ethenogenes (PM) (EV) 
Y (mg VSS/μmol Cl-)a  0.0033 (0.0009)  0.0048  0.0116 (0.0034)  0.00612 N/Ab N/A 
qmax (µmol/mg VSS/h)a       
PCE 12.6 (0.46) 5.37 (0.09) 5.36 (0.87) 1.8 0.30 (0.04) 0.29 (0.02) 
TCE 17.0 (0.58) 14.0 (1.53)  3 2.84 (0.39) 2.87 (0.32) 
DCE    3 0.51 (0.04) 0.32 (0.03) 
VC    3 0.06 (0.01) 0.19 (0.02) 
Acetate 4.66 (0.38)      
Lactate   3.86 (0.32)    
KS (µM)a       
PCE 9.31 (0.23) 14.2 (2.1) 8.81 (1.68) 0.54 3.9 (1.4) 1.6 (0.2) 
TCE 2.83 (0.20) 23.4 (5.2)  0.54 2.8 (0.3) 1.8 (0.4) 
DCE    0.54 1.9 (0.5) 1.8 (0.3) 
VC    290 602 (7) 62.6 (2.4) 
Acetate 5.77 (1.44) N/A     
Lactate   9.40 (1.29)    
H2    0.1   
S0/X0 (COD/COD) 22 3.6 20 N/A N/A N/A 
Reference This study (Amos et al. 2007) This study 
(Fennell and 
Gossett 1998) (Yu et al. 2005) 
 
a. Values in parentheses represent 95% confidence interval 
b Not available. 
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The correlation coefficients (R2) for the qmax,donor and KS,donor estimates in 
individual assays involving strain BB1 ranged from 0.89 to 0.91. The R2 values 
ranged from 0.90 to 0.92 for strain PCE1. These results are consistent with a previous 
study that suggested the minimum R2 value between qmax and KS is approximately 0.9 
when Y is estimated independently, due to the inherent correlation of the Monod 
kinetic parameters (Liu and Zachara 2001). Nevertheless, unique estimates of qmax 
and KS were identifiable under the intrinsic conditions used in this study as indicated 
by the collinearity index (γK) values calculated for each set of parameter estimates. 
The γK values calculated for the electron donor utilization kinetic parameter estimates 
for strain BB1 and strain PCE1were 6.53 and 8.61, respectively—well below the 
maximum value of 10 for identifiable parameter estimates (Brockmann et al. 2008; 
Brun et al. 2002). 
3.3.2 Electron acceptor kinetics 
The qmax and KS values for the chlorinated ethenes obtained in this and earlier 
studies are reported in Table 3.2. As observed under electron donor-limiting 
conditions, the R2 calculated in this study ranged from 0.90 to 0.92 for strain BB1 and 
from 0.88 to 0.90 for strain PCE1, and the γK values were less than 10, suggesting that 
the qmax and KS parameter estimates under electron-acceptor limiting conditions are 
identifiable. 
The qmax and KS values estimated for different organisms vary over more than an 
order of magnitude. In particular, Dehalococcoides strains in pure and mixed cultures 
tend to exhibit substantially lower qmax and KS values compared to the values reported 
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for the heterotrophic Desulfuromonas and Desulfitobacterium strains in this and a 
recent study (Amos et al. 2007). For example, qmax,PCE values of 12.6 and 5.36 
µmol/mg VSS/h were obtained in this study for strains BB1 and PCE1, respectively, 
compared with reported qmax,PCE values ranging from 0.3 to 1.8 µmol/mg VSS/h for 
mixed cultures containing Dehalococcoides strains (Table 3.2). The estimates of 
KS,PCE for strains BB1 and PCE1 in this study are 9.31 and 8.81 µM, respectively, and 
values reported in earlier studies range from 0.54 to 3.9 µM for mixed cultures 
containing Dehalococcoides strains. 
Differences in the fundamental characteristics of the chlorinated ethene reductive 
dehalogenases in the different dehalorespirers likely influence the values reported in 
Table 3.2. In addition, the initial conditions of the batch culture assays, including the 
S0/X0 ratios, may also contribute to the reported variability in kinetics of 
dehalorespiration and other metabolic processes (Grady et al. 1996; Liu and Zachara 
2001). For example, previously reported estimates of qmax,PCE and qmax,TCE for strain 
BB1 (Table 3.2) are most likely lower than those obtained in the current study 
because the earlier estimates were obtained in batch culture assays at S0/X0=3.6, 
conditions that did not allow unrestricted growth to occur. However, other 
experimental differences in the two studies may also have influenced the parameter 
estimates. 
Independent estimates of Y and kd were also obtained in this study for strains BB1 
and PCE1 under electron acceptor-limiting conditions. The Y determined for strain 
BB1 based on protein measurements (0.0033 mg VSS/µmol Cl-) is of similar 
magnitude to that estimated using qPCR (0.0074 mg VSS/µmol Cl-). In contrast, the 
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Y reported for strain BB1 in an earlier study was approximately one order of 
magnitude lower (Sung et al. 2003). Nearly identical estimates of Y were obtained in 
this study for strain PCE1 based on protein analysis (0.0116 mg VSS/µmol Cl-) and 
qPCR (0.0118 mg VSS/µmol Cl-). 
Few kd values have been reported for dehalorespirers in the literature. Fennell and 
Gossett (1998) estimated that the kd for dehalorespirers and other anaerobic 
microorganisms was 0.001 h-1, and this value is often used in modeling studies, e.g., 
(Becker 2006; Yu et al. 2005). The experimentally determined kd for a mixed culture 
containing Dehalococcoides sp. strain VS under no-growth conditions (0.00375 h-1; 
Cupples et al. 2003) was closer to the values obtained in this study for strain BB1 
(0.0054 h-1) and strain PCE1 (0.0076 h-1). 
3.3.3 Model simulation 
To assess the accuracy with which the kinetic parameter estimates predict 
chlorinated ethene behavior under intrinsic conditions, a new set of batch PCE 
depletion experiments were conducted at S0/X0>20 and compared to model 
predictions made using the values in Table 3.2. In addition, the model predictions 
were compared to experimental data collected in batch assays at several lower S0/X0 
ratios to assess the range of conditions that can be accurately modeled using the 
intrinsic parameters. The model accurately predicted the experimental data obtained 
at S0/X0>20 for both strains (Figures 3.4A and 3.5A). A good fit between the model 
simulation results and the experimental data was also observed for 10<S0/X0 <20. This 
is important because previous guidelines recommend that a ratio of S0/X0 >20 (Grady 
et al., 1996) be used for estimating intrinsic kinetics. This may be appropriate for 
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electron donor substrates, but the results of this study showed that, at least for 
electron acceptor substrates, intrinsic kinetics can be obtained when S0/X0 >10. A 
higher S0/X0 ratio may be needed to allow unrestricted growth on electron donor 
substrates to occur (and estimation of intrinsic kinetic parameters) because a portion 
of electron donor substrates is consumed in the synthesis of cellular constituents 
(McCarty 1971). This has the net effect of increasing the requirement for electron 
donor substrates relative to the demand for electron acceptors, which, in the case of 
chlorinated ethenes, are consumed only for energy generation. The finding that a 
lower S0/X0 ratio may be used to estimate intrinsic kinetic parameters (at least for 
electron acceptors) may be very beneficial for environmental contaminants like 
chlorinated ethenes that can inhibit biodegradation at high concentrations. A high S0 
must be avoided for these substrates when estimating Monod kinetic parameters. 
The predicted dechlorination rates were much higher than the experimental 
observations made at S0/X0<10 for strain BB1 (Figures 3.4C, D) and strain PCE1 
(Figure 3.5C, D) and the difference between the modeling and experimental results 
grew larger as the S0/X0 ratios became smaller. This reflects the restrictions on growth 
and the availability of the enzymes that catalyze the biodegradation reactions caused 
by low substrate concentrations. As noted above, these restrictions on growth 
appeared to be alleviated at a threshold S0/X0 of approximate 10. 
The modeling and experimental results shown in Figures 3.4 and 3.5 highlight the 
need to carefully select the conditions under which kinetic parameters are determined 
in batch culture assays to ensure that they are relevant to the system that is being 
modeled. It is also important to note that reports that do not describe the initial 
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conditions under which the batch culture assays were conducted (S0 and X0) are of 
little value because their relevance to other systems cannot be evaluated by other 
researchers. In this study, the kinetic parameters were estimated under intrinsic 
conditions, and thus can be used to predict of PCE dechlorination only when S0/X0 is 



























































































Figure 3.4 PCE dechlorination by Desulfuromonas michiganensis strain BB1 under four 
different sets of initial conditions (S0/X0 ratios): (A) S0/X0 =34.1; (B) S0/X0 =11.5; (C) S0/X0 
=7.7; (D) S0/X0 =0.14. S0/X0 ratios are given on a COD basis. Data points represent 
experimental results and lines represent model predictions for PCE ( ), TCE ( ), 


























































































Figure 3.5 PCE dechlorination by Desulfitobacterium strain sp. PCE1 under four different sets 
of initial conditions (S0/X0 ratios): (A) S0/X0 =38.6; (B) S0/X0 =10.9; (C) S0/X0 =3.5; (D) S0/X0 
=0.13. Data points represent experimental results and lines represent model predictions for PCE 
( ) and TCE ( ) using the intrinsic kinetic parameter values in Table 3.2. 
 
3.4 Implications for bioremediation practice 
Prediction of the fate of chlorinated ethenes at sites undergoing in situ 
bioremediation requires accurate estimates of microbial kinetic parameters. In many 
regions of the contaminant plume, chlorinated ethene concentrations may be high 
enough to allow unrestricted microbial growth, particularly when biostimulation, the 
addition of electron donors, is implemented upgradient to alleviate electron donor 
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limitation. Therefore, to predict the fates of chlorinated ethenes under these 
conditions, intrinsic dechlorination kinetic parameters should be used. However, 
intrinsic kinetic parameters may overestimate removal of chlorinated ethenes in 
regions of the contaminant plume where growth is restricted by substrate availability.  
To ensure that intrinsic kinetic parameter estimates are obtained, batch laboratory 
assays should be conducted at S0/X0>10, for electron acceptor substrates. Additional 
work is needed to determine if intrinsic kinetic parameter estimates can be obtained 
for electron donor substrates under these initial conditions. Further, estimates of 
electron donor and acceptor utilization kinetics should be made independently, 
because as shown in this and an earlier study (Esteve-Núñez et al., 2005), the 
stoichiometry of electron donor and acceptor utilization for some organisms may not 
be constant under different conditions.  
As discussed by Becker (2006), the apparently high dechlorination capacity of the 
Desulfuromonas and Desulfitobacterium strains evaluated in this study could provide 
them with a competitive advantage with respect to utilization of PCE and TCE that 
leads to differences in the roles of dehalorespiring populations in contaminant plumes. 
In particular, the differences in the qmax values reported in Table II suggest that the 
natural niche of Dehalococcoides species may be to respire DCE and VC produced 




Chapter 4:  Extant kinetics studies of two heterotrophic 
tetrachloroethene-respiring strains and the impact of initial 
conditions on kinetic parameter determination 
 
4.1 Introduction 
It is well-recognized that meaningful kinetic parameter estimates are key to 
demonstrating the occurrence of natural attenuation and the successful 
implementation of engineered bioremediation approaches (Becker, 2006; Shen and 
Sewell, 2005; Yu et al., 2005; Yu and Semprini, 2004; Waul et al., 2008). For 
example, kinetic parameter estimates are needed to determine the rates at which 
stimulatory materials should be added to the subsurface, size treatment systems, and 
estimate clean-up times (Song and Seagren, 2008). However, it is often less clear 
what constitutes meaningful kinetic parameter estimates. 
The present study was motivated by a need for a consistent set of meaningful 
kinetic parameter that could be input into a model describing the interactions among 
tetrachloroethene (PCE)-respiring populations in a continuous-flow stirred tank 
reactor (Becker, 2006). At high concentrations, chlorinated ethenes can become self-
inhibitory or inhibit the reductive dechlorination of other chlorinated ethenes. 
Dehalorespiration of chlorinated ethenes under non-inhibitory concentrations is 
generally described by a dual Monod model (Equation 4.1) in which both the electron 
acceptor (chlorinated ethene) and electron donor can limit the dechlorination rate 
(Bagley, 1998; Fennell and Gossett, 1998; Haston and McCarthy, 1999),  
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             max
, ,
a d a
S d d S a a
dS S Sq X
dt K S K S
⎛ ⎞⎛ ⎞
= − ⎜ ⎟⎜ ⎟⎜ ⎟⎜ ⎟+ +⎝ ⎠⎝ ⎠
                        (4.1) 
where aS  [MS·L
-3] and ,S aK  [MS·L
-3] are the aqueous concentration and the half-
saturation constant of the electron acceptor, respectively. This chapter focuses on the 
factors that affect our ability to obtain meaningful estimates of maxq  and ,S aK , 
assuming Y and ,S dK are estimated in separate experiments. 
Meaningful estimates of qmax and KS share three key characteristics. First, the 
estimated values must reflect the relevant cellular and microbial community 
composition. This is important because the rates of biodegradation and microbial 
growth are frequently limited by low in situ substrate concentrations. At the 
community level, limited substrate availability tends to select for slow-growing 
populations with a high affinity for the contaminant. At the cellular level, low 
substrate concentrations limit the size of the protein synthesizing systems (PSS), 
which determines the availability of the enzymes that catalyze the biodegradation. 
Consequently, the rate of biodegradation is less than optimal for a given organism and 
is controlled by the culture history. The term “extant” is used to describe kinetic 
parameter estimates that reflect the biodegradation rates occurring in situ (Grady et al., 
1999) at natural attenuation sites or in bioreactors where growth and substrate 
utilization are controlled by the cell age or solids retention time (SRT). 
At the other end of spectrum are “intrinsic” kinetics, which are measured under 
conditions of abundant substrate availability that result in unrestricted microbial 
growth. At the community level, high substrate concentrations tend to select for fast-
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growing populations with low affinity for the contaminant. At the cellular level, the 
PSS, and consequently the biodegradation rate, are optimal during unrestricted 
growth. The substrate utilization kinetics that occurs during unrestricted growth is 
independent of growth history of a culture, including substrate availability in its 
source environment. Thus, intrinsic kinetics could potentially be useful for comparing 
the inherent capabilities of culture that are being evaluated for use in bioaugmentation 
applications or for predicting contaminant removal rates under conditions of high 
electron donor availability through implementation of biostimulation (Grady et al., 
1999). 
The second important characteristic of meaningful kinetic parameter estimates is 
that they are unique and identifiable. With respect to the Monod kinetic parameters, 
parameter uniqueness determines whether qmax and KS values can be fit to 
experimental substrate depletion data independently or only as lumped parameters. 
Identifiability determines the amount of correlation between qmax and KS. Correlation 
is undesirable because when two parameters are highly correlated, different 
combinations of the parameter estimates may fit the experimental data equally well.  
Third, meaningful kinetic parameter estimates have relatively low uncertainties 
(Liu and Zachara, 2001). Uncertainty arises from the inverse nature of the problem of 
using measurement data to estimate unknown kinetic properties and cannot be 
eliminated. However, uncertainty increase with parameter correlation, and large 
standard deviations are observed for highly correlated parameter estimates. The 
sample number and sampling time points also affect parameter uncertainties. 
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Biodegradation kinetic parameters are typically estimated in batch culture assays 
because they are simple to prepare and maintain. However, the kinetic parameter 
values estimated for a given compound in batch culture assays often vary widely, 
even for pure cultures. Frequently, the parameter values estimates in batch culture 
assays also over predict the contaminant removal rates observed in-situ. Clearly, 
obtaining meaningful estimates of in-situ biodegradation kinetics in batch culture 
assays can be challenging. 
Several steps should be taken to help ensure that kinetic parameter estimates are 
meaningful. First, to describe biodegradation activity in situ, parameter estimates 
must be estimated under extant conditions that do not allow growth of the cells 
removed from the environment of interest so that the PSS cannot change. According 
to Grady et al. (1996), this criterion can generally be met by providing a small initial 
substrate concentration relative to the initial biomass concentration, on the order of 
S0/X0<0.025 when both concentrations are expressed in terms of chemical oxygen 
demand (COD). A high S0/X0 ratio on the order of S0/X0>20 on a COD basis is 
recommended to allow for the unrestricted growth required for the estimation of 
intrinsic kinetic parameters. 
Selection of the initial conditions in batch culture assays also impacts the amount 
of correlation between the parameter estimates. Grady et al. (1996) suggested that the 
best independent estimates of qmax and KS can be obtained at S0/X0≥20 on a COD 
basis; however, these conditions are not compatible with extant parameter 
determinations. Other studies have focused on the relationship between the S0/KS ratio 
 
76 
and parameter correlation by computing the partial derivative of the substrate 
concentration with respect to μmax, where μmax, the maximum specific growth rate, 
equals Y qmax, and KS at various time intervals and visually compared the resulting 
sensitivity curves obtained under different S0/KS ratios. The sensitivity curves for μmax 
and KS tracked together at small S0/KS ratios (S0<KS), suggesting that independent 
estimates of μmax and KS cannot be obtained under these initial conditions (Ellis et al., 
1996; Robinson and Tiedje, 1983). In contrast, visual inspection of the sensitivity 
curves suggested that there was little correlation between the parameter estimates at 
S0/KS =4 (Robinson and Tiedje, 1983) or S0/KS =1 (Ellis et al., 1996). More recently, 
Liu and Zachara (2001) calculated the correlation coefficients and standard deviations 
of the Monod kinetic parameter estimates obtained under different initial conditions 
and for different parameter estimates and observed a high degree of correlation 
between μmax and KS at S0/KS =1. The correlation was reduced, but not eliminated, at 
higher S0/KS ratios. 
In the present study, extant kinetic parameters were estimated in batch assays to 
describe dehalorespiration activity in an anaerobic CSTR (Becker, 2006). However, 
analysis of the correlation coefficients for the estimated qmax and KS values indicated 
that the parameters were nearly perfectly correlated. A series of experimental and 
simulated batch kinetic assays were then conducted to determine if parameter 
correlation could be reduced by optimizing the initial conditions in the batch assays. 




4.2 Materials and methods 
4.2.1 Chemicals 
PCE (99%, Spectrum Chemical Mfg. Corp.) were used in kinetic experiments. 
The PCE (99.99%), TCE (99.99%) and cis-DCE (99.99%) used to prepare analytical 
standards were purchased from Sigma-Aldrich (St. Louis, MO). Sodium acetate 
(Certified ACS) was obtained from Fisher Scientific Inc. (Pittsburgh, PA) and sodium 
L-lactate (60% wt. solution) was obtained from Acros Organics (Geel, Belgium). 
Methanol (Certified ACS) was obtained from Fisher. 
4.2.2 Culture maintenance 
Desulfuromonas michiganensis strain BB1 (DSM 15941, Sung et al., 2003) and 
Desulfitobacterium sp. strain PCE1 (DSM 10344, Gerritse et al., 1996) were used to 
evaluate the extant kinetic parameter determination. They were grown in semi-
continuous cultures maintained at a 20 d SRT, as described in Chapter 3. 
4.2.3 Kinetic assays 
Kinetic parameter estimation was performed using batch assays. To obtain the 
small S0/X0 ratio required for extant kinetics, the batch assays must be conducted 
using a large amount of biomass. A large amount of biomass could be generated by 
transferring culture from the semi-continuous stocks to fresh medium containing high 
substrate concentrations to promote growth. However, the biomass grown under these 
conditions would no longer reflect the constraints of the 20 d SRT on microbial 
activity in the source culture. Therefore, the extant experiments were conducted using 
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the undiluted semi-continuous stock cultures of strains BB1 and PCE1, which contain 
relatively high biomass concentrations due to the addition of large amounts of PCE 
and electron donor at regular intervals. Replication was obtained by repeating each 
experiment twice in a given stock culture. It was possible to do this without affecting 
the long-term performance and physiological state of the semi-continuous cultures 
because the extant kinetic assays have a short duration and do not result in biomass 
growth. The batch assays were initiated using the following approach. When 
approximately 90% of the last dose of PCE added to the semi-continuous cultures 
was dechlorinated, the cultures were purged of chlorinated ethenes with O2-free 
N2/CO2 (80%/20%, Airgas East) for 20 min, and a 5-ml sample was aseptically 
removed so that the biomass concentration could be measured. Fresh media (5-ml) 
was added to maintain 100-ml of liquid in the semi-continuous culture bottles. To 
ensure that the chlorinated ethene was limiting, 1mM of acetate and lactate was 
provided to strain BB1 and strain PCE1, respectively. PCE (6.5 μM) or TCE (13 μM) 
was added to the cultures from sterile methanol stock solution. The total volume of 
methanol added to a given semi-continuous culture did not exceed 0.1% of the total 
culture volume. At this concentration, methanol does not have a significant affect on 
the partitioning of chlorinated ethenes between the gaseous and aqueous phases 
(Gossett, 1987). The amount of PCE (or TCE) added to the strain BB1 semi-
continuous culture would consume 4 μM of acetate, which is equivalent to 0.2 mg/L 
on a COD basis. The source culture contained approximate 5.5 mg VSS/L of biomass. 
Thus, assuming 1.42 g COD/g VSS (Grady et al., 1999), the initial conditions were 
equivalent to the S0/X0=0.025, the criterion for extant kinetics specified by Grady et al. 
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(1996) for electron donor substrates. The same approach was used to select the initial 
conditions for strain PCE1. The batch cultures were incubated at 30oC or room 
temperature (22oC) for 30 min to equilibrate the temperature in the batch cultures. 
After shaking by hand for several seconds, the batch cultures were amended with 
the chlorinated ethene and incubated at either 30oC or room temperature in an orbital 
shaker at 120 rpm. Headspace samples of 0.5 ml or 0.1 ml were taken from the batch 
cultures every 6 to 10 min for determination of chlorinated ethene concentrations via 
a gas chromatograph (GC) equipped with flame ionization detector (FID) or electron 
capture detector (ECD), respectively. After the PCE or TCE in the batch culture 
assays was completely removed, the cultures were purged with 80% N2/20% CO2 
again, so that the experiment could be repeated or routine maintenance of the semi-
continuous cultures could continue. 
Kinetic parameters were estimated by fitting the experimental data to a simplified 
form of the integrated Monod equation (Equation 4.2) that is obtained by assuming 
that the biomass concentration is constant and the electron donor concentration is 
non-limiting. 
 ( )0 0
max 0
1 lnS
St K S S
q X S
⎡ ⎤⎛ ⎞= + −⎜ ⎟⎢ ⎥⎝ ⎠⎣ ⎦
                         (4.2) 
 
Two sets of experiments were also conducted to evaluate the impact of the initial 
conditions (S0/X0 and S0/KS) in the batch culture assays on the amount of correlation 
between the Monod kinetic parameter estimates and the uncertainty associated with 
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these estimates. The experiments were conducted in duplicate using strain BB1. PCE 
was supplied as the electron acceptor at the S0/X0 and S0/KS ratios shown in Table 4.1 
by transferring different volumes of the semi-continuous culture to batch assays 
containing varying amounts of PCE following the same general approach used in the 
intrinsic kinetic parameter assays (Chapter 3). Estimates of qmax and KS were obtained 
by fitting Equation 4.2 to the PCE depletion data using Y = 0.0033 mg VSS/µmol Cl-, 
which was estimated under intrinsic conditions (Chapter 3). 
Table 4.1 Summary of the initial conditions used to evaluate the impact of S0/X0 and 
S0/KS on Monod parameter correlation and uncertainty in batch kinetic assays 
involving Desulfuromonas michiganensis strain BB1 
Initial biomass 
concentration, X0  
Initial PCE concentrations, 
S0  
(mg VSS/L) (mg COD/L) (µM) 
(mg 
COD/L) 
S0/X0 S0/KS a S0/KS b
0.35 0.49 7.13 0.23 0.4 3.0 1 
0.65 0.90 11.31 0.37 0.4 1.8 2 
1.29 1.83 26.51 0.85 0.4 4.5 4 
2.58 3.66 54.35 1.76 0.5 6.0 8 
4.55 6.45 90.10 2.92 0.5 13.2 14 
5.00 7.09 105.45 3.42 0.5 12.3 17 
0.65 0.92 26.05 0.84 0.9 4.0 4 
0.13 0.18 27.39 0.89 4.9 4.6 4 
0.07 0.09 26.50 0.86 9.5 4.3 4 
0.04 0.06 27.68 0.89 14.8 4.0 4 
a Initially S0 for each condition was based on KS parameter values estimates in 
preliminary experiments. The S0/KS values reported here are based on the KS 
estimates obtained in individual batch kinetic assays under the corresponding initial 
conditions. b The values of KS used to calculate the S0/KS values is the average of the 




4.2.4 Numerical experiments 
PCE dechlorination by strain BB1 was numerically simulated so that the effects of 
initial batch assay conditions on parameter correlation and identifiability could be 
systematically evaluated for a broad range of conditions (0.025≤S0/X0≤50 and 
0.04≤S0/KS≤40). Because the sample number also influences the identifiability of 
Monod kinetic parameter estimates (Liu and Zachara, 2001), each synthetic data set 
contained a uniform number of samples (n=50), which were evenly collected from 
time 0 to the time when the residue PCE concentrations in the batch culture assays 
were lower than 0.05 µM. The synthetic PCE dechlorination data were predicted by 
Equations 3.1-3.3, which were solved using STELLA Version 8.0 (isee systems; 
Lebanon, NH) and a fourth-order Runge Kutta numerical method. The intrinsic 
kinetic parameter estimates for PCE dechlorination by strain BB1 (Table 3.2) were 
used as model inputs in these numerical simulations. 
4.2.5 Parameter identifiability analysis  
Parameter identifiability was quantitatively evaluated by calculating correlation 
coefficients for estimates of qmax and KS based on numerical and experimental data 
following the method described by Liu and Zachara (2001). Sensitivity coefficients 
were calculated as the first derivatives of S with respect to a Monod kinetic 
parameters, 
θ∂
∂S , where θ is a Monod parameter. The uncertainties of parameter 
estimates is evaluated by calculating the relative standard deviation, ( )σ θ θ , where 
σ  is the standard deviation of the replicate parameter estimates (Liu and Zachara, 
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2001). The linear dependence of the sensitivity functions was quantified by 






γ =                          (4.3) 
where S  is the normalized sensitivity coefficient matrix and EV is the eigenvalue of 
TS S . As the degree of parameter dependence increases, Kγ  approaches infinity, 
whereas for linearly independent parameters, Kγ  is equal to one. Brun et al. (2002) 
suggested that parameter estimates are poorly identifiable for all Kγ >10-15. 
4.2.6 Analytical methods 
The concentrations of chlorinated ethenes were determined using a Hewlett 
Packard 5890 II Plus GC equipped with an electron capture detector (ECD) and a 
DB-624 capillary column (30 m x53 mm (I.D.) x 3 μm film thickness) or a Hewlett 
Packard 5890 II Plus GC equipped with an flame ion detector (FID) and a stainless-
steel column packed with 1% SP-1000 on 60/80 Carbopack-B (2.4 m by 3.2 mm, 
Supelco Inc.). When the GC-ECD was used, the GC injector and detector 
temperatures were 250oC and 300oC, respectively. Helium and nitrogen were 
provided as carrier and make-up gases at flow rates of 6 and 60 mL/min, respectively. 
The oven temperature was programmed to ramp at 4.0oC/min from an initial 
temperature of 31ºC to 60ºC, hold at 60ºC for 5 min, followed by a second ramp of 
15.0ºC/min to 200°C and a final hold at 200°C for 2 min. When the GC-FID was used, 
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the method described by Gossett (1987) was employed to determine PCE 
concentrations. 
The initial biomass concentrations in the batch culture assays were quantified 
using the Bradford reagent kit from Sigma-Aldrich (St. Louis, Mo) following the 
manufacturer’s instructions. 
4.3 Results and Discussion 
The substrate depletion curves in the initial experiment conducted to estimate 
extant qmax and KS values were highly reproducible for Desulfuromonas 
michiganensis strain BB1. However, there was a significant amount of uncertainty 
associated with these parameters estimates, as indicated by the large standard 
deviations. Further, the qmax and KS estimates were highly correlated. The calculated 
correlation coefficients (R2 values) were 0.99. 
Previous studies point to the importance of the initial conditions in determining 
the amount of correlation between parameter estimates (Checchi and Marsili-Libelli, 
2005; Ellis et al., 1996; Grady et al., 1996; Kesavan and Law, 2005; Liu and 
Zacharam, 2001; Robinson and Tiedje, 1983; Seagren et al., 2003). However, these 
studies are inconsistent with regard to their conclusions about how the initial 
conditions affect parameter identifiability. Therefore, a preliminary evaluation 
consisting of ten batch kinetic assays with different combinations of S0, X0, and KS 
was conducted to ascertain whether the parameter correlation and uncertainty 
associated with the extant parameter estimates could be reduced by optimizing the 
initial conditions. The S0/X0 ratios ranged from 0.025 to 22 and thus spanned the 
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range from extant to intrinsic conditions. The S0/KS ratios covered a similar range in 
the preliminary study. As shown in Figure 4.1, the estimated qmax values grew larger 
as S0/X0 increased up to approximately 10 because as greater amounts of substrate 
became available, the restrictions on growth and substrate utilization were lessened, 
consistent with the observations of Grady et al. (1996) and the references cited therein. 
The qmax value measured at S0/X0 = 10 represents the intrinsic qmax because substantial 
increases in the parameter estimates were not observed at S0/X0 greater than 10. These 
results are consistent with the findings of Chapter 3, which showed that intrinsic 
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Figure 4.1 Monod kinetic parameters estimates (qmax) for PCE dechlorination by 
Desulfuromonas michiganensis strain BB1 in batch cultures with different initial 




The amount of correlation between qmax and KS did not appear to be influenced by 
the S0/X0 ratio. As shown in Figure 4.2B, correlation coefficients (R2) were 
approximately 0.9 or higher at all of S0/X0 ratios tested. This contrasts with guidelines 
that suggest independent estimates can be obtained at S0/X0 ≥ 20 (Grady et al., 1996). 
However, the data in Figure 4.2A suggest a trend of decreasing R2 with increasing 
S0/KS. Because S0/X0 was not constant in the kinetic parameter determinations 
conducted at different S0/KS values, the possibility that the S0/X0 ratio influenced 
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Figure 4.2 Correlation coefficients between the Monod kinetic parameters (qmax and KS) for 
PCE dechlorination by Desulfuromonas michiganensis strain BB1 in batch cultures as a 
function of (A) initial substrate-to-half saturation constant ratios (S0/KS); and (B) initial 
substrate-to-biomass concentration ratios (S0/X0). 
 
Therefore, correlation coefficients (R2) were computed for numerically simulated 
batch PCE depletion for strain BB1 under wide range initial conditions (0.025 ≤ S0/X0 
≤ 50 and 0.04 ≤ S0/KS ≤ 40; Table 4.2). This allowed us to unambiguously evaluate 
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the relationship between S0/KS and parameter correlation at constant S0/X0, as well as 
any effects of S0/X0 on parameter correlation at constant S0/KS. The simulated kinetic 
parameter determinations are consistent with previous studies that suggest that 
independent estimates cannot be obtained at S0/KS < 1 (Ellis et al., 1996; Robinson 
and Tiedje, 1983). Correlation coefficients (R2) of approximately 0.99 were 
calculated for S0/KS = 1. Based on these results, choosing S0=KS, as suggested by Ellis 
et al. (1996), is also not recommended for estimation of independent parameters. 
While Table 4.2 clearly shows that, for a given S0/X0 ratio, the amount of parameter 
correlation decreases with increasing S0/KS, increasing S0/X0 does not reduce 
parameter correlation at a constant S0/KS ratio. These data suggest that in theory, it 
should be possible to obtain independent parameter estimates of qmax and KS at the 
low S0/X0 ratios required for extant kinetics, provided KS is small enough to result in a 
large S0/KS ratio (10 or higher).  
Table 4.2 Correlation coefficients (R2) for qmax and KS parameter values that were fit 
to numerically simulated data for a range of initial conditions in the batch culture 
assays 
 
  S0/KS 
  0.04 0.1 0.4 1 4 10 20 40 
0.025 1 0.9996 0.9958 0.9883 0.9434 0.8984 0.8705 0.8401
0.1 1 0.9999 0.9971 0.9869 0.9432 0.9065 0.8747 0.8462
1 1 1 0.9990 0.9925 0.9581 0.9231 0.8968 0.8783
5 1 1 1 0.9959 0.9738 0.9524 0.9375 0.9280
10 1 1 1 0.9968 0.9793 0.9633 0.9525 0.9449
20 1 1 1 0.9970 0.9829 0.9701 0.9620 0.9558
S0/X0 




Liu and Zachara (2001) suggested that due to the inherent correlation between the 
Monod kinetic parameters, it is difficult to obtain R2<0.9 for estimates of qmax and KS. 
The R2 values calculated in this study using the numerical data were somewhat lower 
at the highest S0/KS ratios. However, it is difficult to determine whether kinetic 
parameter estimates are identifiable and meaningful based on R2 values alone. 
Therefore, the collinearity index, Kγ , which represents the linear dependence of the 
sensitivity functions of the parameter estimates, was also calculated for each 
numerical data set evaluated in this study (Table 4.3). Parameter estimates with a Kγ  
value greater than 10 to 15 are considered poorly identifiable (Brockmann et al., 2008; 
Brun et al., 2002). Therefore, in this study, synthetic data obtained under initial 
conditions that resulted in 10<kγ are considered identifiable. Generally, this required 
a S0/KS of 20 or higher, although identifiable parameter estimates could be obtained at 
lower S0/KS ratios provided the S0/X0 ratio was also low. R2 values for parameter 
estimates with 10<kγ ranged from 0.8401 to 0.9673 (Table 4.2). 
Table 4.3 Collinearity index values ( Kγ ) calculated for qmax and KS parameter values 
that were fit to numerically simulated data for a range of initial conditions in the 
batch culture assays 
 
  S0/KS 
  0.04 0.1 0.4 1 4 10 20 40 
0.025 ∞ ∞ 32.12 21.35 9.69 7.51 6.78 6.27 
0.1 ∞ ∞ 58.17 17.86 9.73 7.97 6.92 6.40 
1 ∞ ∞ 38.23 23.19 10.82 8.36 7.32 6.78 
5 ∞ ∞ ∞ 24.01 12.54 9.37 8.56 8.06 
10 ∞ ∞ ∞ 32.36 13.18 10.18 9.34 8.56 
20 ∞ ∞ ∞ 29.43 13.24 11.02 9.8 9.16 
S0/X0 




The results of the numerically simulated batch culture assays made it possible to 
determine a priori the range of initial conditions that are expected to yield substantial 
differences in the calculated R2 values. This information was then used to select the 
initial conditions for the experimental kinetic assays evaluating the effect of S0/KS on 
parameter correlation at constant S0/X0 and the effect of S0/X0 on parameter 
correlation at constant S0/KS. For example, based on Table 4.2, an increase in the 
S0/KS ratio from 1 to over 10 was expected to result in a decrease of approximately 
0.1 in R2 value at low S0/X0 ratios. 
As shown in Figure 4.3A, R2 decreased from approximately 0.98 at S0/KS in the 
range of 1-2 to approximately 0.88 at S0/KS =14 at a constant S0/X0 = 0.45. Further, 
the uncertainty (measured as the dimensionless variance, ( )σ θ θ ) associated with 
the qmax and KS parameter estimates generally decreased with increases in the S0/KS 
ratio (Figure 4.3B). Similarly, Liu and Zachara (2001) found that higher correlation 
coefficient values resulted in large standard deviations of parameter estimates. In 
contrast, the S0/X0 ratio did not appear to affect the amount of correlation between 
parameter estimates or their uncertainties (Figure 4.4). Consequently, when designing 
batch assays for the estimation of kinetic parameters for dehalorespiring populations, 
choosing a large S0/X0 as previously suggested (Grady et al. 1996), appears to be less 
important than selecting conditions that will result in a high S0/KS ratio and thus yield 
parameter estimates with relatively low correlation and uncertainty. 
The results of this study suggest that under both intrinsic and extant conditions, it 
should be possible to obtain independent Monod kinetic parameter estimates as long 
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as the S0/KS ratio is sufficiently high. However, achieving a high S0/KS ratio for PCE 
and other chlorinated ethenes may be constrained by several factors. First, at high 
concentrations, PCE is self-inhibitory to some dehalorespiring organisms, including 
Desulfuromonas michiganensis (Amos et al., 2007; This study, Chapter 3). If S0 is 
increased to inhibitory levels in an effort to achieve a high S0/KS, substrate utilization 
will not follow Monod kinetics and accurate estimates of qmax and KS cannot be 
obtained. When estimating extant kinetics, the availability of biomass may also limit 
how high S0 can be while still achieving a S0/X0 ratio that will prevent biomass 
growth from occurring. Finally, if KS is relatively high, it may not be possible to 
select a S0 that is below inhibitory conditions but still high enough to yield 
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Figure 4.3 (A) Correlation coefficients (R2); and (B) dimensionless variances (σ(θ)/θ) of the 
Monod kinetic parameters (qmax and KS) for PCE dechlorination by strain BB1 in batch cultures 
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Figure 4.4 (A) Correlation coefficients (R2); and (B) dimensionless variance (σ(θ)/θ) of the 
Monod kinetic parameter (qmax and KS) for PCE dechlorination by strain BB1 in batch cultures 
with different initial substrate-to-biomass concentration ratios (S0/X0) and constant S0/KS = 4. 
Because of these constraints, an iterative approach is needed to select the 
appropriate conditions in batch assays used to determine extant parameters to 
describe dehalorespiration kinetics. First, preliminary experiments should be 
conducted to estimate KS. If KS is relatively high, then estimation of unique and extant 
Monod kinetic parameters may not be possible. In this case, estimation of a lumped 
first-order biodegradation rate coefficient (qmax/KS) may be most appropriate. If KS is 
relatively low, then theoretical evaluation of the correlation coefficients (as was done 
to generate Table 4.3 in this study) should be used to select an S0 that will minimize 
the correlation between the estimated qmax and KS values. The X0 needed to ensure 
that extant kinetic parameters are estimated should then be determined based on the 
S0. Finally, R2, ( )σ θ θ , and kγ  should be calculated for the experimental parameter 
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values obtained under these conditions to confirm that they meet all the criteria for 
identifiable parameter estimates. 
To accurately predict the removal of PCE and other chlorinated ethenes in 
environments in which dehalorespiration activity is limited by substrate availability or 
the solids retention time, kinetic parameters must be estimated under extant 
conditions. This can be achieved by controlling the S0/X0 ratio in batch kinetic assays. 
The initial conditions also influence parameter correlation and uncertainty. However, 
S0/KS was shown to be much more important than S0/X0 in determining parameter 
independence and uncertainty. Theoretical and experimental evaluations suggest that 
an S0/KS of at least 4 under extant conditions and 10 under intrinsic conditions should 
be employed to obtain independent estimates of qmax and KS. Higher S0/KS ratios could 
theoretically lower parameter correlation further, but may not be practically feasible 
for the determination of dehalorespiration kinetics due to the self-inhibitory effects of 
PCE in some organisms and the availability of biomass, particularly when working 
with pure cultures. When initial conditions corresponding to extant conditions (S0/X0 
= 0.025 on a COD basis) and S0/KS>4 were used, independent estimates of qmax and 
KS were successfully obtained for strains BB1 and PCE1, as summarized in Table 4.4. 
The corresponding substrate depletion curves are shown in Figures 4.5 and 4.6 for 
strain BB1 and strain PCE1. Because of the nature of extant kinetic parameters, the 
values reported in Table 4.2 are applicable to strain BB1 and strain PCE1 maintained 





Table 4.4 Extant kinetic parameter estimates for chlorinated ethene utilization by 








30oC 3.20 (0.43) 1.19 (0.08)
PCE 
22oC 2.59 (0.22) 0.84 (0.17)
Desulfuromonas 
michiganensis 
strain BB1 TCE 22oC 7.13 (0.89) 2.15 (0.57)
30oC 3.12 (0.22) 3.98 (0.57)Desulfitobacterium 
sp. strain PCE1 PCE 22oC 2.42 (0.30) 2.63 (0.87)




























Figure 4.5 Extant kinetic substrate depletion curves in batch culture assays of 
Desulfuromonas michiganensis strain BB1 maintained at a 20-d SRT at room 
temperature (22oC). (A) PCE and (B) TCE. Data points represent individual data 
points obtained in replicate experiments. Solid lines represent the best fit of Equation 




Figure 4.6 Extant kinetic substrate depletion curves in batch culture assays of 
Desulfitobacterium sp. strain PCE1 under extant conditions at (A) 30oC and (B) 
room temperature (22oC). Data points represent individual data points obtained in 
replicate experiments. Solid lines represent the best fit of Equation 4.2 to the pooled 
data. 
 
In chlorinated ethene-contaminated groundwater, the concentrations of PCE and 
populations of dehalorespirers can vary significantly depending on the distance of the 
contaminated sites from contaminated source zones and the nature of the 
bioremediation approach (engineered bioremediation or natural attenuation). Intrinsic 
kinetic parameter estimates such as those reported in Chapter 3 may be appropriate 
for describing the activity of dehalorespirers where substrate availability is high, 
provided chlorinated ethene levels are not toxic. The activity of dehalorespirers 
elsewhere in the contaminant plume however should be described using extant 
kinetics obtained following the parameter estimation techniques recommended above. 
However, the applicability of reported kinetic parameter estimates that do not 
describe the conditions of the kinetic assays under which they were obtained is not 
clear. Kinetic estimates with relative high uncertainties are not meaningful either. 





























bioremediation of PCE using dehalorespirers can change significantly due to small 
changes in the KS values of the dehalorespirers. Therefore, it is clearly important that 
modeling predictions of PCE bioremediation must be based on identifiable extant 




Chapter 5:  Substrate inhibition and dechlorination kinetics 
at high PCE concentration 
 
5.1 Introduction 
Tetrachloroethene (PCE) is widely used as a raw material for the manufacture of 
hydrofluorocarbon refrigerant and as a dry cleaning solvent and metal cleaning and 
degreasing agent. Improper handling and disposal of PCE have contributed to the 
contamination of groundwater with PCE, which is among the most frequently 
detected chemical contaminants in groundwater at Superfund sites (EPA, 2005). 
Since complete reductive dechlorination of PCE to ethene was demonstrated by 
Freedman and Gossett (1989), natural attenuation and engineered bioremediation 
approaches using microorganisms that couple reductive dechlorination to energy 
metabolism (dehalorespiration) have increasingly been used in the in situ clean up of 
aqueous-phase PCE and lesser dechlorinated ethenes such as trichloroethene (TCE). 
However, because of its low aqueous solubility (1.459 mM at 22oC; Knauss et al., 
2000) and high hydrophobicity (partitioning coefficient Log KOC=2.2-2.7; ATSDR, 
1997), PCE tends to form dense non-aqueous phase liquids (DNAPLs) in subsurface 
environments when sufficient quantities are present. 
Biotransformation of chlorinated ethene DNAPLs previously was not believed 
possible because of the toxicity of chlorinated ethenes at high concentrations (Bouwer 
1994; Robertson and Alexander 1996), but recent investigations suggest that under 
certain conditions, biodegradation of PCE at aqueous concentration approaching 
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saturation levels is possible (Adamson et al. 2004; Carr et al. 2000; Cope and Hughes 
2001; Dennis et al. 2003; Sleep et al., 2006; Sung et al. 2003; Yang and McCarty 
2000, 2002).  
To model biodegradation of high aqueous concentrations of PCE and its effect on 
dissolution of PCE from the NAPL phase (Becker and Seagren, 2009), an accurate 
kinetic model is needed. The Monod model has been used to describe reductive 
dechlorination of chlorinated ethenes at relatively low aqueous concentrations 
(Cupples et al., 2003; Fennell and Gossett, 1998; Haston and McCarty, 1999) 








−= max                (5.1) 
where Sa is the aqueous concentration of the chlorinated ethene electron acceptor [MS 
L-3]; qmax [MS MX-1 T-1] is the maximum specific substrate utilization rate for the 
chlorinated ethene electron acceptor; X is the biomass concentration [MX L-3]; and KS 
[MS L-3] is the half-saturation constant for the chlorinated ethene electron acceptor. 





− kd X                          (5.2) 




At higher concentrations, chlorinated ethenes may inhibit their own 
dechlorination through toxicity effects or the dechlorination of other chlorinated 
ethenes through competition for key enzymes. Thus, in some cases, Andrews kinetics 
(self-inhibition) and/or kinetic models that include terms describing competitive 
inhibition between chlorinated ethenes are used instead of Monod kinetics (Cupples 
et al., 2004; Garant and Lynd, 1998; Tandoi et al., 1994; Yu and Semprini, 2004). 
The Andrews kinetic model (Andrews 1968) includes a self-inhibition coefficient, KAI 
[MS L-3], according to 










                 (5.3) 
Competitive inhibition between chlorinated ethenes is modeled according to 













               (5.4) 
where SI [MS L-3] is the aqueous concentration of the chlorinated ethene inhibitor, and 
KCI [MS L-3] is the competitive inhibition coefficient. Recently, the Luong model 
(Luong, 1987)  























max 1              (5.5) 
where Sa-max [MS L-3] is the maximum concentration of the chlorinated ethene electron 
acceptor at which dechlorination will occur and n is a power term that determines 
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how the specific growth rate q [MS MX-1 T-1], responds to changes in Sa as it 
approaches Sa-max, was applied to describe the activity of dehalorespiring strains that 
stopped dechlorinating at aqueous PCE concentration exceeding a maximum level 
(540 μM; Amos et al., 2007). Several factors including temperature (Heimann et al., 
2007; Friis ea al., 2007), and differences in the source culture characteristics or 
history (Grady et al., 1996) may explain in part why dechlorination of PCE proceeds 
at high aqueous concentrations in some systems (Sung et al., 2003, Yang and 
McCarty, 2000), but not in others (Amos et al., 2007). In addition, the low octanol-
water portion coefficient (KOW) of PCE (log KOW=3.40; ATSDR, 1997) suggests that 
it will preferentially accumulate in and disrupt the cytoplasmic membrane (Ramos et 
al., 2002). The inactivation of biomass caused by the toxicity of the products of 
cometabolism of chlorinated solvents and trinitrotoluene has been modeled by 
incorporating a biomass inactivation term in the biomass growth equation (Alvarez-
Cohen and McCarty, 1991; Alvarez-Cohen and Speitel, 2001; Yin et al., 2005). This 
type of solvent effect results in an irreversible inactivation of biomass, and therefore, 
the active biomass concentration may decrease due to exposure of PCE with the 
transformation of substrate (Sikkema et al., 1995). 
5.2 Materials and methods 
5.2.1 Chemicals 
Sodium acetate (Certified ACS) was obtained from Fisher Scientific and sodium 
L-lactate (60% wt. solution) was obtained from Acros Organics. PCE, TCE, cis-
dichloroethene (cis-DCE), sodium acetate and sodium L-lactate were obtained from 
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the sources described in Chapter 3. All of the other chemicals used were reagent 
grade or better, unless otherwise specified. 
5.2.2 Culture maintenance and medium 
Two pure cultures Desulfuromonas michiganensis strain BB1 (DSM 15941) and 
Desulfitobacterium sp. strain PCE1 (DSM 10344) were used in this study. They were 
maintained in semi-continuous cultures, as described in Chapter 3, to ensure that all 
cultures used for batch culture experiments had the same culture history and were 
always at the same physiological state. 
5.2.3 Determination of competitive inhibition coefficients 
Five sets of experiments were conducted to evaluate the inhibition effects among 
chlorinated ethenes transformed and produced by strains BB1 and strain PCE1, as 
summarized in Table 5.1. For each experiment, 10 batch assays were prepared in 160-
mL serum bottles containing 95 mL of mineral media and 5 mL of inoculum obtained 
from a semi-continuous culture. The batch assays contained the same concentrations 
of biomass, electron donor, and chlorinated ethene electron acceptor, but a different 
concentration (ranging from 0 μM to aqueous saturation) of a chlorinated ethene 
inhibitor was added to each assay. The ratio of the initial chlorinated ethene electron 
acceptor concentration to the initial biomass concentration was the same as that used 
in Chapter 3 and allowed unrestricted growth to occur. Therefore, the estimates of KS 
and qmax that were obtained under intrinsic conditions (Chapter 3) could be used to fit 
the inhibition constants. Electron donor concentrations (2.5 mM) were in 
stoichiometric excess of the chlorinated ethene electron acceptors. Chlorinated 
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ethenes were added to the batch assays from sterile stock solutions at least two days 
before inoculation to ensure equilibration between the gas and aqueous phases. All 
experiments were conducted at 30°C. 
Table 5.1 Initial conditions and Monod kinetic parameter estimates used in 
determination of inhibition constants for Desulfuromonas michiganensis strain BB1 
and Desulfitobacterium sp. strain PCE1. 
 
















12.6 9.31 0.14 
TCE 270 cis-DCE 0–1289 
Dsf. sp. strain 
PCE 5.36 8.81 0.70 PCE 340 TCE 0–1024 
 
a From Chapter 3, units of µmol/mg VSS/h; b From Chapter 3, units of μM; c Units of 
mg VSS/L. 
The initial dechlorination rate, dSa
dt
, was calculated for each assay based on 
substrate depletion data obtained during the first 5 h of the experiment. Growth was 
insignificant during this period; therefore, X could be treated as a constant. KCI was fit 
to a linear form of Equation (5.4), 









ν =  is the initial unit dechlorination rate [MS MX-1 T-1].  The estimates 
of KS and qmax used to fit KCI are shown in Table 5.1.  
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5.2.4 Evaluation of dechlorination of high PCE concentrations 
As described above, dechlorination by several pure dehalorespiring strains did not 
proceed above a PCE concentration of around 540 μM in one previous study (Amos 
et al., 2007), whereas others report dechlorination of higher PCE concentrations 
(Sung et al., 2003, Yang and McCarty, 2000). As described below in Section 5.3, 
chlorinated ethene levels above 540 μM were completely depleted by relatively high 
concentrations of strain BB1 and PCE1 in the current study, but not at lower biomass 
concentrations. One potential explanation for the different results is that the solvent 
effects of chlorinated ethenes may inactivate a portion of the dechlorinating biomass, 
and the fraction of biomass that is inactivated may influence the apparent Sa-max in a 
batch culture. 
Two sets of experiments were conducted in this study to examine whether the 
initial biomass concentration affects the apparent Sa-max value for dechlorination of 
chlorinated ethenes. Four or six batch assays with different combinations of initial 
biomass and PCE concentrations (Table 5.2) were prepared for each strain in 160-mL 
serum bottles. Neat sterile PCE was added to the serum bottles at least two days 
before adding enough inoculum from the semi-continuous source cultures (described 
above) to bring the aqueous volume to 100-mL. Electron donor concentrations (5 mM) 
were provided in stoichiometric excess of PCE. The concentrations of both electron 
donors and acceptors were high enough relative to the initial biomass concentrations 
to allow unrestricted growth to occur (in the absence of toxicity effects) and 
description of dechlorination kinetics using previous estimates of intrinsic qmax and KS 
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values (Table 5.1). However, at the highest strain PCE1 biomass concentration tested 
(X0=27.2 mg VSS/L), the S0/X0 ratio is approximately 1.4 (on a COD basis). The 
cultures were continuously shaken at 120 rpm at an incubation temperature of 30°C. 
PCE concentrations were monitored through headspace sampling for 20 d or until 
PCE was depleted. 
Table 5.2 Initial conditions for substrate inhibition experiments for Desulfuromonas 
michiganensis strain BB1 and Desulfitobacterium sp. strain PCE1 
 
















sp. strain PCE1 
27.2 1320 
 
When substantial PCE dechlorination was not observed within 20 d, the batch 
cultures were purged with 80% N2/20% CO2 (Airgas East) for 30 min to completely 
remove the chlorinated ethenes in the batch cultures. Then 100 μM of PCE was added 
to the batch cultures to test whether the dechlorinating activities of the cells could 
recover after high PCE concentrations were removed. 
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5.2.5 Model development 
The substrate utilization kinetic models described above, when coupled with the 
biomass growth expression in Equation 5.2, cannot capture the PCE dechlorination 
phenomena observed in this study. Specifically, the Monod (Equation 5.1), Andrews 
(Equation 5.3), and Monod model with competitive inhibition (Equation 5.4) all 
predict that dechlorination will continue for all X > 0 and thus are not appropriate for 
describing the experimental systems in which PCE removal stopped completely. The 
Luong model (Equation 5.5) does incorporate a Sa-max term that prevents 
dechlorination at PCE concentrations above Sa-max. The Wayman and Tseng model is 
essentially a discontinuous version of the Luong model and also incorporates a Sa-max 
term according to: 










−= max        for KWI < Sa < Sa-max         (5.7) 
where the inhibition term IT [T-1] represents the rate of increase in the extent of 
inhibition between KWI, the threshold concentration below which no inhibition is 
observed, and Sa-max. At Sa < KWI, the Wayman and Tseng model is identical to the 
Monod model (Equation 5.1), and dSa
dt
 = 0 at Sa > Sa-max, However, neither the Luong 
or Wayman and Tseng models account for the fact that Sa-max does not appear to be 
constant and seems to depend on X0.  
Therefore, a new approach to modeling reductive dechlorination of high 
chlorinated ethene concentrations was developed by adapting the transformation 
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capacity (TC) concept used in modeling cometabolic oxidation of TCE to describe the 
inactivation of biomass by oxidation products (Alvarez-Cohen and McCarty). In the 
current model, TC  [MX MS-1 T-1] is incorporated into the biomass growth term 
(Equation 5.2) according to 
         a d C a
dSdX Y k X T S
dt dt
= − − −              (5.8) 
According to Equation 5.8, the net rate of biomass growth will be decreased due 
to the toxicity of the chlorinated ethene. The PCE dechlorination rate,
dt
dSa , is 
described using one of the substrate utilization models given by Equations 5.1, 5.3, 
5.5, and 5.7. The substrate utilization equations coupled with Equation 5.8 are 
referred to the Monod, Andrews, Luong, Wayman and Tseng inactivation models, 
respectively. 
The ability of the four inactivation models to describe the inhibitory effects of 
high PCE concentrations on reductive dechlorination by strains BB1 and PCE1 was 
evaluated by fitting them to the pooled experimental data obtained from the batch 
culture experiments conducted with a given strain under various initial conditions as 
described above. The equations for biomass growth and PCE dechlorination are 
coupled nonlinear ordinary differential equations. The equations were solved using 
the fourth-order Runge-Kutta method by employing Matlab (version 7.0). The values 
for Y, qmax, KS, and kd used in the above equations, were obtained from Chapter 3. The 
remaining parameters in Equations 5.3, 5.5, 5.7, and 5.8 were estimated by coupling 
the above solutions with the nonlinear least-squares optimization function, 
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LSQNONLIN, in Matlab (version 7.0) to minimize the sum of squared errors (SSE) 
between the pooled PCE concentrations measured in the experiments and the 
concentrations predicted by the model. The goodness of fit for each model was 
measured by calculating the SSE and F-value (DeVore and Peck, 1996). 
5.2.6 Analytical methods 
Chlorinated ethenes were analyzed in the headspace using the gas chromatograph 
method described in Chapter 3. The biomass in the batch cultures was estimated 
based on protein content. Protein was quantified using the Bradford protein 
quantification kit (Sigma Inc.) following the instructions provided by the 
manufacturer. Protein standards were prepared using bovine serum albumin 
(Lyophilized powder; Acros Organics). 
5.3 Results and Discussion 
The effects of PCE on TCE dechlorination followed a competitive inhibition 
pattern. The initial TCE dechlorination rate decreased with increasing PCE 
concentration, and even low PCE concentrations exhibited an effect as shown in 
Figure 1. At a PCE concentration of nearly 800 µM, TCE dechlorination was barely 
detectable. Therefore, only data obtained at PCE concentrations lower than 500 μM 
were used to fit Equation 5.6 and estimate the inhibition coefficient (KCI) values. KCI 
was estimated as 8.20±1.82 μM, which is similar in magnitude to the previously 
estimated KS for TCE dechlorination by strain BB1 (Chapter 3). This result is 
consistent with competitive inhibition studies involving a cis-DCE dehalorespirer, in 
which the estimates of KCI (Cupples et al., 2004) and KS (Haston and McCarty, 1999) 
 
106 
for the dehalorespirer were similar in magnitude. Yu and Semprini (2004) also 
showed that when a KCI equal to KS was assumed, model predictions of PCE 
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Figure 5.1 Initial TCE dechlorination rate in the presence of different aqueous 
concentrations of PCE by Desulfuromonas michiganensis strain BB1. 
In all of the other inhibition scenarios evaluated, a different pattern was observed. 
For example, the initial PCE dechlorination rate in strain BB1 was not affected by 
TCE concentrations of less than 700 µM (Figure 5.2A). Under these conditions, the 
initial PCE dechlorination rate averaged 10.3±0.7 (S.D.) µmol PCE/mg VSS·h. The 
dechlorination of PCE in all the batch cultures was further monitored after the initial 
dechlorination rates were obtained. Dechlorination continued until all of the available 
PCE and TCE was dechlorinated to cis-DCE in batch cultures containing less than 
700 µM TCE. In batch cultures with more than 700 µM TCE, less than 2% of the 
total chlorinated ethene was dechlorinated and dechlorination completely ceased after 
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Figure 5.2 Initial dechlorination rates of (A) PCE in the presence of different TCE 
concentrations; (B) PCE in the presence of different cis-DCE concentrations; and (C) TCE 
in the presence of different cis-DCE concentrations by Desulfuromonas michiganensis 
strain BB1; and (D) PCE in the presence of different TCE concentrations by 
Desulfitobacterium sp. strain PCE1. 
Similar results were obtained for the inhibition on PCE dechlorination by cis-
DCE as shown in Figure 5.2B. The initial PCE dechlorination rate was not affected 
by cis-DCE concentrations of less than 700 µM and averaged 8.7±0.3 (S.D.) µmol 
PCE/mg VSS·h. At cis-DCE concentrations ≥ 800 µM, the initial PCE dechlorination 
rate decreased with increasing cis-DCE concentrations. Further, the dechlorination 
activity in the cultures containing high concentrations of cis-DCE completely stopped 
after 10 h of incubation. 
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The initial TCE dechlorination rates by strain BB1 in the presence of different 
aqueous cis-DCE concentrations are shown in Figure 5.2C and followed the same 
pattern observed for PCE dechlorination with varying amounts of TCE and cis-DCE. 
cis-DCE has no effect on TCE dechlorination by strain BB1, except at cis-DCE 
concentration ≥ 700 µM. The initial TCE dechlorination rate decreased with 
increasing cis-DCE concentration of greater than 700 µM. 
TCE concentrations below 500 μM did not affect the rate of PCE dechlorination 
by strain PCE1. The average initial PCE dechlorination rate was 5.87±0.63 (S.D.) 
µmol PCE/mg VSS·h (Figurer 5.2D) consistent with a previous estimate of maximum 
PCE utilization rate for this strain (Chapter 3). 
The results shown in Figure 5.2 suggest that high concentrations of TCE and cis-
DCE (in excess of 700-800 µM) have an inhibitory or toxic effect on Desulfuromonas 
michiganensis strain BB1. As noted above, a recent evaluation of reductive 
dechlorination of high concentrations PCE also showed that several pure 
dehalorespiring cultures (including strain BB1) stopped growing at lower PCE 
concentrations (≥540 µM) (Amos et al., 2007). One possible explanation for the 
differences in the apparent Sa-max values in the previous and current studies is that they 
were the result of differences in the experimental conditions, such as the initial 
biomass concentrations (X0). X0 was 0.35 mg VSS/L for strain BB1 in the kinetic 
experiments shown in Figures 5.1 and 5.2, but was likely lower (less than 1.8 mg 
VSS/L) in the study by Amos et al. (2007). Therefore, a series of experiments was 
undertaken to evaluate the effect of the initial biomass concentration on the self-
inhibitory effects of PCE on dechlorination by strains BB1 and PCE1. 
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The evaluation of cis-DCE and TCE inhibition of dechlorination by strain BB1 
suggested that at X0=0.35 mg VSS/L, Sa-max was approximately 700 µM. Therefore, 
dechlorination of PCE concentration above and below this apparent Sa-max was 
evaluated for X0=0.35 mg VSS/L. Dechlorination of PCE at concentrations exceeding 
1000 µM was also evaluated with initial biomass concentrations 12.5 (Figure 5.3C) or 
25 (Figure 5.3D) times higher than in the batch cultures containing X0=0.35 mg 
VSS/L. At the low initial biomass concentration, PCE dechlorination was consistent 
with the patterns observed in Figure 5.2. PCE was dechlorinated at an initial 
concentration of approximately 550 µM (Figure 5.3A), but not at 800 µM (Figure 
5.3B).  
Similar results were obtained with six cultures containing strain PCE1 at X0 
ranging from 1.3 to 27.2 mg VSS/L and PCE concentrations ranging from 
approximately 600 μM to above the PCE solubility limit. At the lowest initial 
biomass concentration, PCE dechlorination rates decreased with increasing initial 
PCE concentrations and stopped completely at an initial PCE concentration of around 
860 μM (compare Figures 5.4A-D). As expected, removal of approximately 700 μM 
PCE occurred more rapidly at a higher X0 (Figure 5.4E), and at the highest biomass 
concentration, PCE was completely dechlorinated even at an initial PCE 
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Figure 5.3 Comparison of Monod, Andrews, Luong, and Wayman and Tseng 
inactivation model predictions and experimental data for dechlorination of high PCE 
concentrations by different levels of Desulfuromonas michiganensis strain BB1. (A) 
X0=0.35 mg VSS/L, SPCE,0=543 µM; (B) X0=0.35 mg VSS /L, SPCE,0=799 µM; (C) 
X0=4.5 mg VSS/L, SPCE,0=1183 µM; (D) X0=9 mg VSS/L, SPCE,0=1183 µM. The 
Wayman and Tseng inactivation model predictions are equivalent to those of the 
Monod inactivation model in (A), the Andrews inactivation model in (B), and the 
Luong inactivation model in (C) and (D). The Luong and Andrews inactivation model 
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Figure 5.4 Comparison of the Monod, Andrews, Luong, and Wayman and Tseng 
inactivation model predictions and experimental data for dechlorination of high PCE 
concentrations by different levels of Desulfitobacterium sp. strain PCE1. (A) X0=1.3 mg 
VSS/L, SPCE,0=581 µM; (B) X0=1.3 mg VSS /L, SPCE,0=645 µM; (C) X0=1.3 mg VSS /L, 
SPCE,0=774 µM; (D) X0=1.3 mg VSS /L, SPCE,0=839 µM; (E) X0=7.2 mg VSS/L, 
SPCE,0=671 µM; (F) X0=27.2 mg VSS/L, SPCE,0=1387 µM. The Wayman and Tseng and 




The Monod, Andrews, Luong, and Wayman and Tseng inactivation models were 
fit to the experimental PCE concentration data in Figure 5.3 and 5.4. The parameter 
estimates for the four models that best fit these data are summarized in Table 5.3. All 
of the models fit the experimental data showing almost no dechlorination when PCE 
concentrations of about 800 μM were added to the lowest biomass concentrations 
(Figure 5.3B and 5.4D). 
However, the models differed with respect to their ability to predict the PCE 
dechlorination curves obtained under the remaining conditions. Qualitative 
observations suggest the Monod inactivation model fit the PCE dechlorination data 
well only at the lowest PCE concentration tested with strain PCE1 (Figure 5.4A), in 
part because the substrate utilization equation does not include an inhibition term. 
The Luong inactivation model was used by Amos et al. (2007) to describe PCE 
dechlorination by strain BB1 in the presence of PCE levels that exceeded the 
solubility limit. In the present study, the Luong inactivation model accurately 
predicted that PCE dechlorination would not proceed when PCE reaches a critical 
concentration equal to Sa-max (1210 µM for strain BB1 and 963 µM for strain PCE1), 
and qualitatively appeared to fit the experimental data when biomass concentrations 
were relatively low (Figure 5.3A, B, and Figure 5.4A-D). However, the Luong 
inactivation model predictions did not capture the experimental data obtained at the 
highest biomass concentrations (Figures 5.3D and 5.4F). In these two cases, the initial 
PCE concentrations exceeded the apparent Sa-max values for observed strain BB1 and 




Table 5.3 Inhibition coefficient estimates and goodness of fitting measures for the 
Monod, Andrews, Luong, Wayman and Tseng inactivation models 
 
Inhibition coefficients SSE (µM2) F 












Monod Tc a 3.32×10-5 6.57×10-5 4.60×106 2.59×106 2.57 40.5 
KAI (µM) 135.45 370.72 
Andrews 
TC a 2.14×10-6 1.44×10-5
1.46×105 5.69×105 590 264 
Sa-max (µM) 1210 963.18 
Luong 
TC a 1.79×10-5 9.70×10-6
6.85×106 8.09×106 3.73 2.32 
KWI (µM) 404.99 697.88 




IT (h-1) 8.07×10-5 3.71×10-4
4.48×106 4.41×106 3.07 7.75 
a Units of mg VSS/µmol PCE/h. 
At the lowest strain PCE1 biomass concentration, the Wayman and Tseng 
inactivation model predicted PCE dechlorination would completely cease although 
the experimental data indicated that up to 774 μM PCE was dechlorinated at this 
biomass concentration (Figure 5.4A-C). Under the other conditions tested, the 
Wayman and Tseng and Monod inactivation model predictions were generally similar. 
This is not surprising because at substrate concentration less than KWI, the two models 
are identical (Equations 5.1 and 5.7), and the small IT values (Table 5.3) limit the 
impact of the inhibition term on PCE dechlorination at substrate concentrations 
greater than KWI (Equation 5.7). Qualitatively, the Andrews inactivation model fit the 
overall experimental data better than the other models. In only one case did another 
 
114 
model fit the experimental data better than the Andrews inactivation model (Figure 
5.4A).  
The calculated SSE and F values (summarized in Table 5.3) provided quantitative 
measures of the goodness of a model fit to the experimental data. Relatively low SSE 
and high F values are indicative of a good model fit. Thus, the quantitative measures 
are consistent with the qualitative observations in suggesting that the Andrews 
inactivation model best describes PCE dechlorination at high concentrations. 
The treatments showing no significant PCE dechlorination (Figures 5.3B and 
5.4D) were treated to remove the high PCE levels, and PCE was re-supplied at a 
lower concentration to test whether the effects of high PCE concentration on 
dechlorination were reversible. No TCE or cis-DCE was produced within 24 h (data 
not shown). These results suggest that the dechlorinating activity of the biomass was 
most likely permanently inactivated by exposure to high chlorinated ethene 
concentrations. 
The PCE tolerance levels reported for several pure cultures vary significantly as 
shown in Table 5.4. The Gram-positive bacteria Desulfitobacterium sp. strain Y51 
(Suyama et al., 2001) and Clostridium bifermentans DPH-1 (Chang et al., 2000) can 
grow in media saturated with PCE. The Gram-negative Desulfuromonas 
michiganensis strains BB1 and BRS1 also were initially reported to be able to grow 
on PCE at saturated levels (Sung et al., 2003). However, PCE was provided in a non-
aqueous hexadecane phase and its limited bioavailability under these conditions 
undoubtedly reduced the toxicity effects. More recently, when PCE was added 
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directly to the aqueous phase, strain BB1 could not tolerate concentrations above 540 
µM (Amos et al., 2007), as described above. Similarly, the Gram-negative 
Dehalobacter restrictus strains PER-K23 and TEA tolerated PCE concentrations of 
less than 200 µM (Holliger et al., 1993; 1998). PCE concentrations of greater than 
100 µM could not be dechlorinated by Desulfuromonas chloroethenica TT4B 
(Krumholz et al., 1996), and Dehalococcoides ethenogenes 195 (Maymo-Gatell et al., 
1999) cannot tolerate saturated aqueous PCE concentrations. 
These findings are somewhat surprising because Gram negative bacteria are 
generally thought to be more resistant to solvents compared with Gram positive 
bacteria. The outer membrane, which is present in Gram negative bacteria but lacking 
in Gram positive bacteria may act as a barrier to solvents, thereby protect the 
cytoplasmic membrane from damage (Vermuë et al., 1993; Denyer and Maillard, 
2002). Although the solvent tolerance of a given culture may be influenced by its 
physiology and cell structure, such as the possession of a cell wall or S-layer (Ramos 
et al., 2002), as shown in Table 6.4, the initial experimental conditions (biomass 
concentrations) also may play a significant role in determining the tolerance level of a 
given strain. For example, although studies showed that the Gram positive organisms 
Clostridium bifermentans DPH-1 and Desulfitobacterium sp. strain PCE1 can tolerate 
higher level of PCE than some Gram negative strains, it is important to note that the 
initial biomass concentrations of these two strains were also much higher than in the 
other reported experiments. Thus, if an organism’s inherent tolerance to a solvent 
relatively weak, it may be possible to compensate by providing higher initial biomass 
concentrations. The results of this study suggested that the inactivation coefficient, TC, 
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is more appropriate than Sa-max for describing the PCE tolerance level of a given strain 
because TC includes information about the biomass concentration. 















a + 156 N/A Suyama et al., 2001 
Clostridium 






 - <2.2 N/A 
Sung et al., 
2003 
Desulfuromonas 























a. Aqueous saturation with PCE is observed at 1.459 mM for PCE at 22oC, 
(Knauss et al., 2000).  b.PCE was added as a separate phase in hexadecane. 
 
When PCE damages the membranes of the dehalorespiring culture cells by 
impairing the functions or structures, the dehalorespiring activities of the cells will be 
reduced or terminated (Ramos et al., 2002), and this damage will result in cell lysis 
and death (Sikkema et al., 1995). This cellular damage is described by the 
inactivation term in the Andrews inactivation model developed in this research. 
 
117 
The new model and the inactivation coefficient estimates can provide insightful 
information that will aid in the development of PCE bioremediation strategies near 













              (5.9) 
At steady-state 0dX
dt















            (5.10) 
where Xmin is the minimum biomass concentration required for PCE dechlorination. 
Equation 5.10 can be used to provide guidelines for the implementation of 
bioaugmentation of bioremediation at PCE DNAPL source zones. Assuming a PCE 
concentration of 1200 μM, the intrinsic kinetic parameters for strain BB1 and strain 
PCE1 in Table 3.2, and the inhibition and inactivation parameters reported in this 
chapter, the minimum biomass concentrations required for complete removal of PCE 
by strain BB1 and strain PCE1 are 0.85 and 2.45 mg VSS/L, respectively. The same 
procedure can be applied to other dehalorespirers, such as Dehalococcoides sp., and 
contamination sites with lower PCE concentrations. 
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Chapter 6:  Experimental evaluation of interactions between 




In situ bioremediation of sites contaminated with chlorinated ethenes is generally 
based on dehalorespiration, a metabolic process in which chlorinated ethenes are used 
as terminal electron acceptors and undergo reductive dehalogenation in an anaerobic 
form of respiration. Complete reductive dechlorination of tetrachloroethene (PCE) to 
ethene was first proven to be feasible under anaerobic conditions 20 years ago 
(Freedman and Gossett, 1989). However, dechlorination of PCE and trichloroethene 
(TCE) is often incomplete, which results in accumulation of lesser chlorinated 
ethenes, such as cis-dichloroethene (cis-DCE) and vinyl chloride (VC), at 
contaminated sites (Major et al. 2002). Because VC is a known human carcinogen 
and cis-DCE is also hazardous to human health, a better understanding of the factors 
that contribute to the accumulation of these intermediates and approaches for 
achieving complete dechlorination are needed. 
The incomplete dechlorination of PCE and TCE is often thought to be due to the 
limited availability of electron donors or deficient numbers of dehalorespirers that can 
dechlorinate cis-DCE or VC. Therefore, engineered bioremediation approaches are 
often implemented to overcome these limitations on the complete dechlorination of 
PCE and TCE at contaminated sites (Ellis et al., 2000; Harkness et al., 1999; Lendvay 
et al., 2003; Major et al., 2002). 
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Dehalococcoides strains are currently the only known microorganisms that can 
dehalorespire DCE isomers  and/or VC and are key to the successful implementation 
of bioaugmentation (Löffler et al., 2000; Fennell et al., 2001; Hendrickson et al., 2002; 
Richardson et al., 2002). However, observations of cis-DCE or VC accumulation at 
chlorinated ethene-contaminated sites or in lab/pilot-scale reactors where 
Dehalococcoides species that can respire DCE and/or VC have been detected indicate 
that the presence of these organisms does not alone guarantee complete 
dechlorination of PCE (Daprato et al., 2007; Fennell et al., 1997; 2001; Lendvay et al., 
2003). A growing number of field and enrichment culture studies have demonstrated 
that dehalorespirers that cannot dehalorespire beyond cis-DCE may be present 
together with Dehalococcoides species (Daprato et al., 2007; Da Silva et al., 2006; 
Lendvay et al., 2003; Macbeth et al., 2004; Yang et al., 2005; Zheng et al., 2001). 
These strains differ with respect to the rates at which they respire chlorinated ethenes 
and the electron donors that can be used to sustain these reactions. 
Currently, relatively little is known about how dehalorespiring populations with 
different physiologies and kinetics interact at contaminated sites undergoing natural 
attenuation or engineered bioremediation.  A better understanding of the microbial 
ecology of dehalorespiring populations is needed because the interactions could 
potentially enhance or inhibit efforts to implement bioremediation depending on 
whether the interactions are complementary or competitive in nature.  For example, if 
two dehalorespiring populations can utilize the same electron donor to sustain 
dehalorespiration, competition for the electron donor may arise if alternative electron 
donors are not available at a contaminated site.  Dehalococcoides ethenogenes strain 
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195 and Desulfuromonas michiganensis strain BB1 are two dehalorespiring 
organisms that use distinct electron donors.  Hydrogen is the only electron donor that 
can be used by Dehalococcoides strains (Maymo-Gatell et al., 1997).  
Dehalorespiring Desulfuromonas strains use organic compounds such as acetate, but 
not hydrogen, as the electron donor (Sung et al., 2003).  However, both strains 195 
and BB1 can respire PCE and TCE and competition among the two populations for 
these electron acceptors could potentially arise at a contaminated site (Becker, 2006).  
Whereas strain BB1 converts PCE and TCE primarily to cis-DCE, an unacceptable 
bioremediation endpoint, strain 195 has the potential to completely dechlorinate and 
detoxify higher chlorinated ethenes to ethene.  Thus, the outcome of competitive 
interactions among dehalorespiring populations could have important implications in 
terms of the environmental fate of PCE.  On the other hand, if adequate amounts of 
hydrogen and organic electron donors are available, it may be possible for strains 
BB1 and 195 to coexist through complementary interactions if strain 195 can grow by 
respiring the cis-DCE produced by strain BB1. 
The objectives of this study were to: (1) experimentally evaluate the influence of 
interactions between the hydrogenotroph Dehalococcoides ethenogenes strain 195 
and two heterotrophic PCE-to- cis-DCE/TCE dechlorinating cultures 
(Desulfuromonas michiganensis strain BB1 and Desulfitobacterium sp. strain PCE1) 
on the extent of PCE dechlorination in continuous-flow stirred tank reactors (CSTRs), 
and (2) compare these experimental results to mathematical model predictions using 
independently measured kinetic parameters. Three experiments were conducted with 
the defined co-cultures were conducted under two different conditions: (1) strain 195 
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and strain BB1 under natural attenuation conditions, in which relatively low 
concentrations of electron donors were provided, and both electron donors and 
acceptors were limiting; (2) strain 195 and strain BB1 under engineered 
bioremediation conditions, in which high concentrations of electron donors were 
provided and electron acceptors were limiting; and (3) strain 195, strain PCE1, and 
the lactate fermenter, Acetobacterium woodii under engineered bioremediation 
conditions. 
6.2 Materials and methods 
6.2.1 Chemicals 
PCE (99%, Spectrum Chemical Mfg. Corp.; New Brunswick, NJ) was used in the 
bioreactor experiments. PCE (99.99%), TCE (99.99%), cis-DCE (99.99%), VC 
(2000 μg/mL in methanol, Supelco) and ethene (99.99%) used to prepare analytical 
standards were purchased from Sigma-Aldrich (St. Louis, MO). Sodium acetate 
(Certified ACS) and sodium L-lactate (60% by wt. solution) were obtained from 
Fisher Scientific Inc. (Pittsburgh, PA) and Acros Organics (Geel, Belgium), 
respectively. [1,2-14C]sodium acetate ([14C]acetate, 98.8%, 110 mCi/mmol) was 
purchased from Moravek Biochemicals and Radiochemicals (Brea, CA). 
6.2.2 Culture and maintenance  
Desulfuromonas michiganensis strain BB1 (DSM 15941) and Desulfitobacterium 
sp. strain PCE1 (DSM 10344) were grown on the basal medium as described in 
Chapter 3. Acetobacterium woodii (DSMZ 1030) was grown on the same basal 
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medium used for Desulfitobacterium sp. strain PCE1, as described by Gerritse et al. 
(1996). Dehalococcoides ethenogenes strain 195 was provided by Dr. Steven Zinder 
(Cornell University), and grown on a previously-described medium (He et al., 2007). 
These dehalorespiring cultures were maintained in 160-ml serum bottles with thick 
black butyl rubber septa (Geo-Microbial Technologies Inc.) using a semi-continuous 
feeding and wasting cycle that resulted in a 20-d solid retention time (SRT) as 
described in Chapter 3. This ensured that all of the cultures used in the bioreactor 
experiments had the same culture history and were at the same physiological state 
(Grady et al., 1996). Acetobacterium woodii was fed with 100 µM lactate every 4 d. 
Strain 195 was fed with 250 µM PCE and excess H2 every 4 d. 
6.2.3 Experimental system 
A schematic of the experimental system used to evaluate the interactions among 
the dehalorespiring strains is shown in Figure 6.1.The entire experimental system is 
composed of four parts: (1) duplicate bioreactors, (2) feeding system, (3) wasting 
system, and (4) gassing system. The duplicate bioreactors were constructed from 2-L 
Pyrex media bottles. The bioreactor inlet was formed by fusing a glass-to-Teflon 
connector with 1/4′′-28 threaded fitting (Supelco, Bellefonte, PA) on the lower side of 
the bioreactor flask. Teflon tubing (1/8′′ I.D., Cole-Parmer Instrument Company) was 
connected to the reactor inlet with a 1/8′′ chlorotrifluoroethylene (CTFE) compression 
fitting (Valco Instruments Co. Inc. Houston, TX). Glass flanges were fused to the top 
of the bioreactor flask and to the bottom of a glass cap, and sealed together with a 
Viton O-ring and a clamp. Two sample ports were installed on the side of the 
bioreactor flask and the top of the glass top, respectively, which are sealed with black 
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butyl rubber septum and aluminum cap. The total volume of each bioreactor is 2.3 L. 
The bioreactor outlet was installed on the top of the glass cap with another glass-to-
Teflon connector, which was connected to the wasting reservoir via Teflon tubing. 
The effluent of the bioreactor was drained to a waste collection vessel, which was 
sealed with a carbon trap (Supelco) to capture volatile organic compounds. All of the 
Teflon tubing was covered with 1/4′′-Viton tubing which is relatively impermeable to 
oxygen, to help maintain anaerobic conditions in the reactor system. 
 The feeding reservoir was made from a 2 L-Pyrex glass bottle, which was sealed 
with a 3-hole threaded cap (Fisher Scientific). The fresh media in the feeding 
reservoir was fed to the bioreactors through a syringe pump (Standard pump 22, 
Harvard Bioscience, Inc. Holliston, MA) equipped with 140 ml sterile syringes 
(Fisher Scientific). The fresh media feeding rate was 80 µL/min so that the SRT of 
the bioreactors is 20 d. 80% N2//20% CO2 (Air Gas) was supplied to the feeding 
reservoir via Teflon tubing to maintain a slightly positive pressure in the feeding 
reservoir while recharging the feeding syringes. In experiments involving strain 195 
and strain BB1, hydrogen was provided as electron donor for strain 195 by 
equilibrating the mineral medium with a gas mixture containing hydrogen and CO2, 
as described further below. To recharge the feeding syringe, the 3-way valves on 
syringes were first switched to shut off flow from the bioreactors and create a flow 
path from the medium reservoir. Then the feeding pump was turned on “withdraw” 
mode. After the syringes were full, the 3-way valves were returned to their original 

























Figure 6.1 Flow diagram of the experimental system used to evaluate interactions among dehalorespiring populations. 
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The PCE-methanol stock solution (2 mM) was introduced to the influent line 
using a syringe pump (Sage Instruments, Model 355) equipped with 5-ml glass luer-
lock, gas-tight syringes (Hamilton Company, Reno, NV) at a flow rate of 2.4 µL/hour 
so that the PCE influent concentration was 10 µM. The syringe pump was connected 
with the bioreactor influent tubing and a PCE-methanol stock solution reservoir via a 
three-way valve (Swagelok Company). The PCE stock reservoir was made from a 
100-ml Pyrex medium bottle sealed with a GL45 1/4"-28 ported Teflon threaded cap 
(Bio-Chem Valve Inc. Boonton, NJ). 
All gases used in media preparation and bioreactor maintenance were scrubbed of 
O2 by passing them through reduced copper or O2 traps and were filter-sterilized (0.2 
µM, PTFE, Millipore Corporation). All components of the reactor system were 
autoclaved for 30 min before being assembled. Fresh medium was prepared in the 
reactor and feeding reservoir. After being autoclaved for 1.5 h, the liquid medium was 
cooled to room temperature under 80% N2/20% CO2 (Air Gas). 
6.2.4 Conceptual substrate interaction models 
The known PCE-respiring bacteria are physiologically diverse and include both 
heterotrophics and mixotrophs and Gram positive and Gram negative species. The 
conceptual substrate interaction models evaluated in this research (Figure 6.2) reflect 
this diversity, and, more importantly, capture several important ecological 
interactions that may arise among multiple dehalorespiring populations at a 
contaminated site. The specific strains included in the conceptual models and 
experimental and mathematical evaluations were selected because of the availability 
 
126 
of preliminary biokinetic data at the onset of this study and the availability of the 
strains in culture collections. In developing the conceptual models, it was assumed 
that only two dehalorespiring populations compete for chlorinated ethenes, and in 
some cases, indirectly for electron donors. 
The known Dehalococcoides strains are limited to the use of H2 as the electron 
donor. In contrast, several members of the genus Desulfuromonas can respire PCE 
and TCE using acetate, but not H2, as the electron donor (Krumholz, 1997; Sung et al., 
2003). In scenario A, Desulfuromonas michiganensis strain BB1 could potentially 
compete with Dehalococcoides ethenogenes strain 195 for PCE (or TCE, not shown), 
but the two organisms do not compete for electron donors (Figure 6.2A). In addition, 
complementary substrate interactions between strain 195 and strain BB1 could occur 
if strain BB1 grows using PCE and/or TCE as the electron acceptor(s), and strain 195 
grows predominantly using cis-DCE produced by strain BB1 (Figure 6.2B). 
Interactions between strain 195 and strain BB1 could conceivably occur in PCE-
contaminated sites where H2 and acetate are produced from the fermentation of 
organic substrates added to the subsurface as part of a biostimulation approach. In 
scenario C (Figure 6.2C), an organotrophic dehalorespirer, Desulfitobacterium sp. 
strain PCE1 competes for lactate with a lactate-fermenting organism that also 
provides H2 needed by strain 195. In this case, indirect competition for lactate-derived 
electron donors occurs between strain PCE1 and strain 195. Strain PCE1 may also 
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Figure 6.2 Conceptual substrate interaction models involving representative PCE-
respiring bacteria. (A) Competition for electron acceptors (TCE not shown) between 
Dehalococcoides ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1; 
(B) Complementary electron acceptor utilization by Dehalococcoides ethenogenes strain 
195 and Desulfuromonas michiganensis strain BB1; and (C) Competition for PCE and 
lactate-derived electron donors between Dehalococcoides ethenogenes strain 195 and 
Desulfitobacterium sp. strain PCE1. 
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6.2.5 Pure culture control experiments with CSTRs 
A series of control experiments were conducted to ensure that each 
dehalorespiring strain could be maintained in the CSTR and would not be washed out 
under the conditions used in the defined co-culture experiments. The control 
experiments were conducted using a single dehalorespiring strain under the 
conditions shown in Table 6.1. All of the control experiments were conducted for 
more than one SRT, during which PCE did not accumulate in any case (data not 
shown). The results indicated that each of the dehalorespiring cultures could be 
maintained in the bioreactors at a 20-d SRT under conditions similar to those used in 
the co-culture experiments. 
Table 6.1 Experimental conditions used in the substrate interaction and control 
experiments 






Strain BB1 25 0 100 0 
Strain PCE1 25 0 0 250 Control experiments 
Strain 195 25 250 0 0 
Engineered 
bioremediation 11.5 200 100 0 Scenario A 
Natural attenuation 10 20 10 0 
Scenario B Engineered bioremediation 10 0 0 100 
 
6.2.6 Substrate interaction experiments with CSTRs 
All substrate interaction experiments were conducted with duplicate bioreactors 
using the influent substrate concentrations summarized in Table 6.1. A PCE 
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concentration of 10 μM was chosen because it is within the concentration range 
detected at some contaminated sites (Lendvay et al., 2003). However, because the 
PCE-methanol stock solution for scenario A under engineered bioremediation 
condition was prepared with a slightly higher concentration, the PCE influent 
concentration in this case was also slightly higher (11.5 μM) than in the other 
experiments. Under natural attenuation conditions, the concentrations of electron 
donors used were somewhat higher than the minimum values recommended for 
successful natural attenuation of chlorinated ethenes (Wiedemeier et al., 1999) to 
facilitate their quantification. H2 and acetate were provided in a 2:1 (mol:mol) ratio in 
scenario A because lactate is often added to the subsurface as a fermentable source of 
reducing equivalents according to Equation 6.1. 
- - - +
3 2 3 3 2CH CHOHCOO 2H O CH COO HCO H 2H+ → + + +             (6.1) 
Under engineered bioremediation conditions, the electron donor concentrations 
were 10 times greater than the concentration used under natural attenuation 
conditions so that the electron donors were not limiting, consistent with 
biostimulation practices used in the field. The initial substrate concentrations in the 
reactors were the same as the influent concentrations in all cases. Acetate and lactate 
were added to the reactors and fresh media in the feeding reservoirs from sterile stock 
solutions. In scenario A, H2 was added into the reactors and feeding reservoirs by 
purging the fresh media with 6% H2/10% CO2/84%  N2 under natural attenuation and 
80% H2/20% CO2 under engineered bioremediation conditions, respectively. Neat 
PCE was initially added to the bioreactors and allowed to completely dissolve before 
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initiating an experiment. The influent PCE was provided as a methanol stock solution 
as describe above. Inoculation with the co-cultures was performed one day after PCE 
addition to the bioreactors. Immediately after the inoculation, the feeding pumps were 
started to initiate the experiments at room temperature. Liquid samples were taken at 
regular intervals from the bioreactors through the sample ports for analysis of 
chlorinated ethenes, organic acids, hydrogen, and biomass.  
6.2.7 Analytical methods 
The chlorinated ethene concentrations were determined using headspace gas 
chromatography and two Hewlett Packard 5890 II Plus GC equipped with either an 
electron capture detector (ECD) or flame ion detector (FID). The GC-ECD method 
was used for sample with less than 1 μM chlorinated ethenes, and the GC-FID was 
used for chlorinated ethane concentration higher than 1 μM. Aqueous samples (1-ml) 
were obtained from the reactors through the sampling ports using 1-ml disposable 
sterile syringes (Becton-Dickinson) equipped with sterile needles and transferred to 
11.84-ml autosampler vials sealed with Teflon-lined caps. Samples were incubated at 
30°C for at least 30 min, and 0.5 ml of the headspace was injected onto GC. Separate 
experiments were conducted to verify that the dechlorination activity in the 
autosampler vials ceases immediately after the aqueous samples were transferred to 
the vials. Therefore, continued biodegradation of the chlorinated ethenes during the 
incubation period is not a concern. The GC temperature programs were described in 
Chapter 3. The aqueous concentrations of chlorinated ethenes in continuous stirred 
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tank reactors ( aS ) were determined based on the concentration measured in the vials 
according to: 







=                           (6.2) 
where aqS  [MS L
-3]is the chlorinated ethene concentration in the sample vial, HC is 
the dimensionless Henrys constant at 30oC (0.917 for PCE, 0.491 for TCE, 0.190 for 
cis-DCE and 1.264 for VC, Gossett, 1987), Vg is the headspace volume in the 
autosampler vial (10.84-ml), and Vaq. is the aqueous sample volume in the 
autosampler vial (1-ml).   
Hydrogen was quantified in the same autosampler vial using a Peak Performer I 
GC equipped with a reducing compound photometer (RCP) detector and two columns. 
A 31'' UNI 1S guard column filters out the chlorinated ethenes, and a 31'' Molecular 
Sieve 13X analytical column employs clay as the adsorbent (Peak Laboratories, 
Mountain View, CA). The column and detector were operated at 105oC and 265oC, 
respectively. Ultra pure carrier grade N2 (AirGas East) was used as the carrier gas at a 
flow rate of 20 ml/min. The temperature program was isothermal at 265oC. After the 
sample was injected, the instrument was programmed to run for 210 sec. The 
retention time of hydrogen is 48±4 sec. Hydrogen calibration curves were prepared 
with an 18.7 ppm hydrogen standard (balanced with N2, AirGas East). The aqueous 







=                (6.3) 
where 
2,L H
C  is the aqueous concentration of hydrogen (M), L is the Ostwald 
coefficient for hydrogen solubility, which is 0.01895 at 30oC (Wilhelm et al., 1977), 
P is the partial pressure of hydrogen (atm), R is universal gas constant (0.0821 
L·atm·K-1·mol-1), and T is the absolute temperature (K). 
The concentrations of acetate in liquid samples from the reactors under natural 
attenuation conditions were determined using 14C-labeled acetate, as described in 
Chapter 3. 
6.2.8 DNA extraction and real-time PCR analysis 
The abundance of each individual strain in the co-culture experiments was 
quantified by enumerating 16S rRNA gene copies numbers using real-time PCR 
analysis described in Chapter 3. The primers for strain BB1 and strain PCE1 were the 
same as those used in Chapter 3. The primers for 195 and A. woodii are listed in 
Table 6.2. 
Table 6.2 16S rRNA gene primers used for quantification of Dehaloccocoides 
ethenogenes strain 195 and Acetobacterium woodii 






5'- GCGGTTTTCTAGGTTGTC -3 













a Numbers refer to position in Escherichia coli 16S rRNA gene sequence. 
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The measurements made using real-time PCR were converted to biomass 
concentration (mg VSS/L) based on the assumptions listed in Chapter 3. The genome 
size of strain 195 is 1.5 Mbp (NCBI, 2005) and that of A. woodii is 4.2 Mbp 
(Duhamel and Edwards, 2006). 
6.2.9 Model simulation 
Substrate utilization and growth by co-cultures of dehalorespiring strains in the 
CSTRs were simulated using a mathematical model developed by Fennell and 
Gossett (1998) and modified by Becker (2006). The dechlorination of chlorinated 
ethenes and the growth of dehalorespiring bacteria were described using Equations 
6.4-6.9. Competitive inhibition among the chlorinated ethenes has been demonstrated 
in this study for strain 195 and strain BB1 (Chapter 5). However, because this effect 
is negligible under the experimental conditions used in this study, it is not 
incorporated into this model. 
max, ,
, , ,
PCE PCE d d thresholdPCE
S PCE PCE S d d d threshold
q XS S SdS
dt K S K S S
⎛ ⎞⎛ ⎞−
= −⎜ ⎟⎜ ⎟⎜ ⎟⎜ ⎟+ + −⎝ ⎠⎝ ⎠
                        (6.4) 
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⎛ ⎞⎛ ⎞−
= −⎜ ⎟⎜ ⎟⎜ ⎟⎜ ⎟+ + + −⎝ ⎠⎝ ⎠
                (6.5) 
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             max, ,
, , ,
CAHs CAHs d d threshold
d
S CAHs CAHs S d d d threshold
q XYS S SdX k X
dt K S K S S
⎛ ⎞−
= −⎜ ⎟⎜ ⎟+ + −⎝ ⎠
∑            (6.9) 
where SPCE,  STCE, SDCE, SVC and SETH [MS L-3] are the concentrations of PCE, TCE, 
cis-DCE, VC and ethene in a bioreactor, respectively; X [MX L-3] is the biomass 
concentration of a given dehalorespirer in a bioreactor; qmax,PCE, qmax,TCE, qmax,DCE, and 
qmax,VC [MS MX-1 T-1] are the maximum specific substrate utilization rates for PCE, 
TCE, cis-DCE and VC respectively; KS,PCE, KS,TCE, KS,DCE, KS,VC and KS,d [MS L-3] are 
the half-saturation constants for PCE, TCE, cis-DCE, VC and electron donors 
respectively; Y [MX MS-1] is the yield coefficient, CAHs refers to chlorinated aliphatic 
hydrocarbon (PCE, TCE, cis-DCE, or VC) and kd [T-1] is the decay coefficient. 
Several of these parameters have been defined in previous Chapters. Strain BB1 does 
not grow on cis-DCE or VC. Therefore, for this strain, Equation 6.9 includes only 
terms for PCE, TCE and decay, and Equations 6.6-6.8 are not applicable. Similarly, 
for strain PCE1, which grows only on PCE, Equation 6.9 includes only PCE 
utilization and decay terms and Equations 6.5-6.8 are not applicable. Because there is 








1 CAHs CAHs d d thresholddonor
e S CAHs CAHs S donor d d threshold
q XS S SdS
dt f K S K S S
⎛ ⎞−
= − ⎜ ⎟⎜ ⎟+ + −⎝ ⎠
∑                    (6.10) 
where fe is the fraction of electron donor equivalents that are used in energy 
production. When A. woodii is included as the lactate fermenter, lactate utilization by, 
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dX dSY k X
dt dt
= −            (6.12) 
where max, fermenterq , ,S fermenterK , fermenterY  and ,threshold fermenterS  are maximum specific 
substrate utilization rate, half-saturation constant, yield coefficient, and threshold of  
A. woodii growing on lactate. The extant and intrinsic kinetic parameters used in the 
model simulations are shown in Table 6.3. The model was implemented in STELLA 
8.0 (isee systems, Lebanon, NH) using a fourth-order Runge Kutta integration method 
and a calculation time step of 0.125 h. Further decreases in the time step resulted in a 




Table 6.3 Monod kinetic parameter estimates used in the model simulations 
 Dsm. 
michiganensis 










(µmol/mg VSS h)    
 
PCE 12.6 5.36 6.76 2.5 c 
TCE 17.0  7.93  
DCE   13.2  
VC   2.00  
KS (µM)a     
PCE 9.31 8.81 21.5  
TCE 2.83  29.0  
DCE   33.6  
VC   637  
Acetate 5.77    
Lactate  9.40  2.52 d 
Intrinsic 
H2   0.005  
qmax 
(µmol/mg VSS h)    
 
PCE 2.59 2.42 3.41  
TCE 7.13  3.44  
DCE   6.59  
VC   2.00  
KS (µM)     
PCE 0.84 2.63 0.97  
TCE 2.15  2.25  
DCE   4.61  
Extant 
VC   637  
Acetate 0.41    
Lactate  4.33  5 c Sd,threshold (µM) 
H2   0.0015  
Y (mg VSS/μmol Cl-) 0.0033 0.0116 0.0047 0.0035 c 
kd (h-1) 0.0054 0.0076 0.0044 0.001 
a Values were obtained from Chapters 3 and 4; b Values were obtained from previous study of our group; 
c Values were calculated from Peters et al, 1998; d Values were obtained from Fennell and Gossett, 1998. 
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6.3 Results and Discussion 
6.3.1 Substrate interactions between strains 195 and strain BB1 under natural 
attenuation conditions 
6.3.1.1 Chlorinated ethene transformation by the co-culture 
As shown in Figure 6.3, the duplicate bioreactors performed similarly and reached 
steady-state with respect to chlorinated ethene concentrations within 10 d. The 
steady-state concentrations of PCE, TCE and cis-DCE were approximately 0.8, 0.6, 
and 1.0 µM, respectively. VC was the dominant product of PCE during the steady-
state period. Ethene was detected in both reactors but the concentrations never 
exceeded 0.01 µM in either reactor and are not shown in Figure 6.3. The 
accumulation of VC is likely due to the co-metabolic transformation of VC by strain 
195 (Maymó-Gatell et al., 1999; 2001). Not only are the kinetics of the VC 
transformation slow (Table 6.3), but it is possible that the low concentrations of 
higher chlorinated ethenes in the bioreactors did not induce VC cometabolism at the 
same rate typically obtained in batch cultures. The availability of electron donors did 
not contribute to the accumulation of chlorinated ethenes in the bioreactors because 
the steady-state concentrations of electron donors were much higher (Figure 6.5) 
compared to the measured threshold concentrations (Table 6.3). 
The steady-state experimental chlorinated ethene data are predicted reasonably 
well by the model using the extant kinetic parameter estimates (Figure 6.4A). 
However, the model predicted that the time needed to reach steady-state would be 
longer than was actually observed. The discrepancy between the model predictions 
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and experimental data can be attributed to the differences in the physiological state of 
the microbial cells during the dynamic, start-up phase and steady-state period in the 
experiments. Use of the extant kinetic parameter estimates to describe dechlorination 
is appropriate during the steady-state period when microbial activity is limited by the 
low substrate-to-biomass concentration ratios. However, at the beginning of the 
experiments, a small inoculum was provided with a large amount of substrate and, in 
fact, S0/X0 exceed 20 (on a COD basis), as recommended by Grady et al. (1996) to 
allow unrestricted growth and for determination of intrinsic kinetics. Accordingly, 
rapid microbial growth was observed during the dynamic bioreactor start-up phase 



























Figure 6.3 Chlorinated ethene concentrations under natural attenuation conditions in 
the presence of Dehalococcoides ethenogenes strain 195 and Desulfuromonas 
michiganensis strain BB1. The error bars represent the standard deviation of the 
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Model prediction:  
Experimental results:  
Figure 6.4 Comparison of model predictions (lines) and experimental results 
(points) of chlorinated ethene concentrations in the co-culture of Dehalococcoides 
ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1 under natural 
attenuation conditions using (A) extant kinetic parameter inputs only; and (B) a 
combination of intrinsic kinetic parameter inputs for days 0-5 and extant kinetic 




When the simulation was performed using a combination of intrinsic kinetic 
parameter inputs for the dynamic start-up phase (days 0-5) and extant kinetic 
parameter inputs for the steady-state period (>5 d; Figure 6.4B), the model predicted 
a more rapid approach to steady-state and did a better job of predicting the full suite 
of experimental data. The use of intrinsic kinetic parameter inputs to describe the 
activity of the co-culture during the entire experimental period underestimated the 
steady-state concentrations of PCE, TCE and cis-DCE in the bioreactors (data not 
shown). This was expected due to the high qmax values under intrinsic conditions 
(Table 6.3), according to the expression for the effluent concentrations of the limiting 
















                        (6.13) 
where SSS  is the effluent substrate concentration at steady-state and xθ is solid 
retention time. 
 Overall, the results demonstrated that to accurately predict microbial activity in a 
CSTR when a small inoculum is used relative to S0, it is necessary to utilize a 
combination of intrinsic kinetic inputs to describe the start-up phase, and extant 
kinetic inputs to predict the steady-state period. 
6.3.1.2 Electron donor consumption by the co-culture 
The rapid consumption of electron donors in the reactors operated under natural 
attenuation conditions (Figure 6.5) coincided with the rapid decrease in the PCE 
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concentration (Figure 6.3). Similarly, the concentrations of acetate and hydrogen 
reached a steady-state in the reactors within 10 d at about 5.5 and 6.0 µM respectively. 
For both acetate and hydrogen, the concentrations at steady-state were higher than the 
respective Sd,threshold values (Table 6.3), which means dehalorespiration was not 
limited by electron donor availability, as previously mentioned. It is important to note 
however, that the amounts of the electron acceptors utilized by strain 195 (PCE, TCE, 
cis-DCE) supplied to or produced in the bioreactor exceeded the stoichiometric 
amount of H2 supplied to strain 195 in the reactor feed. 
The predicted acetate concentration at steady-state (6 µM), is only slightly higher 
than the measured acetate concentration during this time (Figure 6.6). However, 
according to the model simulation, hydrogen is rapidly depleted by strain 195 to its 
Sd,threshold (Table 6.3). Thus, strain 195 did not utilize as much hydrogen as predicted 
by the model. 
A mass balance analysis of the consumption of electron donors and acceptors by 
strain 195 provides insight into the nature of its interactions with strain BB1. 
According to the experimental results, 14 µM of H2 was consumed by strain 195 at 
the steady-state condition (Figure 6.5). The accumulation of 9 µM VC indicates that 
most of this hydrogen was used by strain 195 to dechlorinate cis-DCE to VC with a fe 
of 0.95. This suggests that strain 195 used only 4.5 µM of hydrogen in the respiration 
of PCE or TCE. Consequently, PCE was primarily dechlorinated to cis-DCE by strain 































Figure 6.5 Acetate and hydrogen concentration in the duplicate bioreactors in the 
presence of co-cultures of Dehalococcoides ethenogenes strain 195 and 
Desulfuromonas michiganensis strain BB1 under natural attenuation conditions. 
The error bars represent the standard deviation of the concentrations measured in 


























Figure 6.6 Comparison of predicted and measured acetate and hydrogen 
concentration in the bioreactors in the presence of co-cultures of Dehalococcoides 
ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1 under 
natural attenuation conditions. A combination of intrinsic (days 0-5) and extant 




The discrepancy between the predicted and measured hydrogen concentrations 
indicates that a phenomenon or interaction between strains 195 and BB1 that limits 
the ability of strain 195 to compete with strain BB1 for PCE and/or TCE is not yet 
captured by the mathematical model. There are four likely explanations for the 
reduced competitiveness of strain 195. 
First, to meet strain 195's high requirement for vitamin B12, it was provided to the 
bioreactor at ten times the concentration used in the batch assays used to estimate the 
strain BB1 kinetic parameters. Other than supplying the bioreactors with hydrogen, 
which is not used by strain BB1, all other substrates and growth factors were present 
at the same concentrations in the bioreactors and batch assays. Thus, it is possible that 
the PCE and TCE utilization kinetics of strain BB1 in the bioreactors were faster 
compared to the rates measured in the batch assays. Faster substrate utilization 
kinetics would improve strain BB1's ability to compete with strain 195 for PCE and 
TCE. 
Second, it is possible that strain BB1 produces a compound that is inhibitory to 
strain 195 or strain 195 produces a metabolite that enhances PCE/TCE utilization by 
strain BB1. These types of interactions have been previously observed in other 
contaminant-degrading bacterial co-cultures. For example, growth of Pseudomonas 
putida F1 on toluene was reduced by Burkholderia sp. JS150 in a defined binary 
culture when toluene was provided as the sole carbon and energy source (Rogers et 
al., 2000). The reduction in the growth of the Pseudomonas strain (relative to pure 
culture conditions) could be attributed to the production of a compound inhibitory to 
the Pseudomonas strain by the Burkholderia strain. When the binary culture was 
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grown on phenol as the sole substrate, the Burkholderia strain produced a compound 
that could be metabolized by the pseudomonad and enhanced its growth relative to 
pure culture conditions. Either of these types of scenarios could conceivably have a 
negative impact on strain 195's ability to respire PCE or TCE and explain why the 
predictions made using a "pure-and-simple" competition model did not accurately 
predict the experimental electron donor results. 
Third, it is possible that strain BB1 depleted a substrate or growth factor used by 
strain 195. For example, acetate is utilized as an electron donor and carbon source by 
strain BB1 and as a carbon source by strain 195. Strain 195 is routinely provided 5 
mM acetate in the semi-continuous culture and batch cultures used to estimate 
electron acceptor utilization kinetics. The acetate concentration provided in the 
continuous-flow experiments was much lower (10 μM) and was further reduced 
through uptake by strain BB1. It is possible that the acetate concentration in the 
bioreactor was below a threshold concentration for acetate utilization by strain 195. 
Fourth, it is possible that electron donor utilization for biomass synthesis and 
energy generation in the two dehalorespiring strains is not constant. In fact, evidence 
has been obtained in this (Chapter 4) and previous studies (Sung et al., 2003) that 
reductive dechlorination of chlorinated ethenes by strains BB1 and 195 may become 
uncoupled from biomass synthesis under certain conditions. This is reflected in the 
estimated fe values. In terms of model predictions, electron donor utilization based on 
coupled dechlorination and growth processes may overestimate the amount of 
electron donor utilized if dechlorination becomes uncoupled from growth. A series of 
mathematical and experimental evaluations are currently being conducted to 
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systemically evaluate why strain 195 is not able to compete for PCE and TCE as well 
as predicted by the mathematical model. Ultimately, it is hoped that this information 
will lead to a better conceptual model of how strains 195 and BB1 are interacting and 
refinement of the mathematical model and kinetic inputs based on an improved 
understanding of the microbial ecology of co-cultures of dehalorespiring strains. 
Until an improved conceptual model can be formulated, the mathematical 
parameter inputs can be empirically adjusted to reflect the limited amount of PCE and 
TCE dechlorination` activity in strain 195 indicated by the mass balance on electron 
donor and acceptor utilization in the bioreactors. As shown in Figure 6.7, when 
qmax,PCE for strain 195 was set to zero and the qmax,TCE utilization rates shown for strain 
195 in Table 6.3 were reduced by one-half, the model did a better job of predicting 
the steady-state hydrogen concentration, as expected. 
While it is not yet clear why strain 195 specializes in respiring cis-DCE in the 
presence of strain BB1, the fact that the two strains interact primarily in a 
complementary fashion (Figure 6.2B) has important practical implications. The 
implementation of biostimulation as an engineered bioremediation approach typically 
focuses on increasing hydrogen concentrations within contaminant plumes to promote 
the activity of Dehalococcoides strains that can dechlorinate PCE past cis-DCE 
through the addition of a fermentable organic substrate such as lactate. In addition to 
hydrogen, the fermentation reactions also generate organic by-products such as 
acetate. If strain 195 outcompeted strain BB1 for the available PCE and TCE via a 
competitive interaction like that depicted in Figure 6.2A, then the acetate and/or other 
organic electron donors released to the contaminant plume would be consumed in 
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anaerobic processes other than dehalorespiration. Ultimately, the amount and extent 
of PCE transformation that could be achieved by Dehalococcoides strains alone is 
expected to be lower compared to the effects of a heterotrophic populations like strain 
BB1 working in concert with hydrogenotrophic Dehalococcoides strains (Becker and 
Seagren, 2009). Thus, engineered bioremediation approaches should focus on 
sustaining multiple, complementary dehalorespiring populations that can maximize 























Figure 6.7 Comparison of predicted and measured acetate and hydrogen 
concentration in the bioreactors in the presence of co-cultures of Dehalococcoides 
ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1 under natural 
attenuation conditions. The predicted concentrations were obtained by manually 
adjusting the model so that strain 195 does not utilize any PCE and utilizes TCE at 
one-half the rates given in Table 6.3. A combination of intrinsic (days 0-5) and 
extant (>5 d) kinetic parameter inputs were used. 
 
6.3.1.3 Biomass growth in the co-culture 
The abundance of the two populations based on 16S rRNA gene copy numbers 
and converted to biomass concentrations were similar throughout the entire 
experiment (Figure 6.8). Both populations grew rapidly from day 0-5 supporting the 
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use of intrinsic kinetic parameters to describe their activity during this period. If the 
model is adjusted to restrict PCE and TCE dechlorination by strain 195 as described 
above, the biomass concentrations based on the real-time PCR analyses are predicted 
reasonably well (Figure 6.9A). Thus, the biomass data support the idea that strain 195 
and strain BB1 interact primarily in complementary rather than competitive manner. 
In contrast, the model simulation using the kinetic constants in Table 6.3 without 
modification predicted that the biomass concentration of strain 195 would be about 























Figure 6.8 Biomass concentrations of Dehalococcoides ethenogenes strain 195 
and Desulfuromonas michiganensis strain BB1 under natural attenuation 
conditions. Biomass concentrations were calculated based on gene copy numbers 
quantified with real-time PCR, assuming one 16S rRNA gene copy/cell and a 
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Figure 6.9 Comparison of predicted and measured biomass concentration in the 
bioreactors in the presence of co-cultures of Dehalococcoides ethenogenes strain 
195 and Desulfuromonas michiganensis strain BB1 under natural attenuation 
conditions. (A) The predicted concentrations were obtained by manually 
adjusting the model so that strain 195 does not utilize any PCE and utilizes TCE 
at one-half the rates given in Table 6.3. (B) The predicted concentrations were 
obtained using the kinetic parameters in Table 6.3 without modification. A 





6.3.2 Substrate interactions between Dehalococcoides ethenogenes and heterotrophic 
dehalorespirers under engineered bioremediation conditions 
Under engineered bioremediation conditions, substrate interactions between strain 
195 and either strain BB1 or strain PCE1 plus A. woodii in CSTRs were evaluated 
experimentally and mathematically. The results of these two sets of evaluations are 
discussed together in the following sections. 
6.3.2.1 Chlorinated ethene transformation by the co-cultures 
Each co-culture experiment was conducted under engineered bioremediation 
conditions for more than 2 SRTs (40 d). Steady-state performance was established in 
all of the reactors within this period. The concentrations of PCE, TCE, and cis-DCE 
were lower than in the experiment conducted under natural attenuation conditions. 
With the co-culture of strain 195 and strain BB1 (Figure 6.10A), the PCE 
concentration dropped below 0.3 µM after 10 days, and the cis-DCE concentration 
was maintained between 1 and 2 µM after a steady-state condition was established. 
TCE was detected in the duplicate reactors only on day one. VC was the predominant 
product of PCE dechlorination during the steady-state period. With the co-culture of 
strain 195, strain PCE1 and A. woodii, there was no significant accumulation of either 
TCE or cis-DCE in the reactors during the steady-state period (Figure 6.11A). VC 
accounted for about 99% percent of the PCE added to the reactors. No significant 
ethene was detected in either scenario under engineered bioremediation conditions, 


















































Figure 6.10 (A) Chlorinated ethene and (B) biomass concentrations in the presence 
of Dehalococcoides ethenogenes strain 195 and Desulfuromonas michiganensis strain 
BB1 under engineered bioremediation conditions. The error bars represent the 




















































Figure 6.11 (A) Chlorinated ethene and (B) biomass concentrations in the presence 
of Dehalococcoides ethenogenes strain 195, Desulfitobacterium sp. strain PCE1, and 
Acetobacterium woodii under engineered bioremediation conditions. The error bars 
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Model prediction:  
Experimental results:  
Figure 6.12 Comparison of model predictions (lines) and experimental results (points) 
of chlorinated ethene concentrations in the co-culture of (A) Dehalococcoides 
ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1; and (B) 
Dehalococcoides ethenogenes strain 195, Desulfitobacterium sp. strain PCE1, and 
Acetobacterium woodii under engineered bioremediation conditions. A combination of 
intrinsic kinetic parameter inputs for days 0-5 and extant kinetic parameters inputs for 




The model simulations of the activities of the co-cultures were performed using a 
combination of intrinsic kinetic parameters (days 0-5) and extant kinetic parameters 
(> 5d) under engineered bioremediation conditions (Figure 6.12). For both scenarios, 
the model simulation results matched the experimental results pretty well. However, 
the predicted steady-state cis-DCE concentration was lower than the experimentally 
measured values for the co-culture of strain 195 and strain BB1 (Figure 6.12A). 
Again, this implies that strain 195 did not perform as well as expected based on pure 
culture assays when strain BB1 was absent. In any case, the consistency between the 
model simulations and experimental results confirms the effectiveness of using a 
combination of intrinsic and extant kinetics parameter inputs to simulate the entire 
range of experimental conditions. 
Consistent with the experimental results, VC was the most dominant product of 
PCE dechlorination and no ethene was produced according to the model simulation 
for both scenarios. The accumulation of VC under engineered bioremediation is 
undesirable due to the know carcinogenicity of this compound. Initially, the 
accumulation of VC was surprising given that there was abundant electron donor 
available. However, electron donors were not limiting under natural attenuation 
conditions, so it makes sense that the increased availability of electron donors under 
engineered bioremediation conditions did not alleviate the problem of VC 
accumulation. The relative slow kinetics of VC transformation by strain 195 
undoubtedly contributed to the VC accumulation. Therefore, at the conclusion of the 
engineered bioremediation experiment conducted with strain PCE1, the bioreactor 
flow rate was decreased to achieve a SRT of 80 d in an attempt to achieve greater 
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conversion of VC to ethene. However, the ethene concentration increased less than 1 
μM as a result of these measures (data not shown). The inhibition of chlorination of 
lesser chlorinated ethenes by PCE has been reported (Lai and Becker, unpublished; 
Yu and Semprini, 2004; Yu et al., 2005). However, the PCE concentration was 
exceedingly low under engineered bioremediation conditions. Therefore, it is not 
surprising that when an inhibition term was incorporated into the model to model the 
PCE inhibition effect, the simulation results were not much different from the results 
without inhibition term (data not shown). As mentioned above (Chapter 5), the low 
levels of higher chlorinated ethenes present in the bioreactors may not have been 
adequate to induce expression of the dehalogenase responsible for VC dechlorination. 
Currently, another PhD student, Yenjung Lai, is evaluating whether the inclusion of a 
Dehalococcoides strain that respires VC would significantly increase VC conversion 
to ethene. 
6.3.2.2 Population growth of the co-cultures 
In both engineered bioremediation scenarios, the co-cultures experienced rapid 
growth during days 0-5 (Figures 6.10B and 6.11B). This growth accompanied rapid 
dechlorination of PCE dechlorination in the initial 5 d period. In the co-culture of 
strain 195 and strain BB1 (Figure 6.10B), strain BB1 initially grew faster than strain 
195, which resulted in the accumulation of cis-DCE during the first five days (Figure 
6.10A). The strain 195 population increased steadily during the period when cis-DCE 
concentrations were decreasing (Figure 6.10B), indicating that strain 195 was 
growing, at least in part, through dehalorespiration of cis-DCE. Presumably, once a 
stable strain 195 population had been built up, it also began transforming greater 
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amounts of PCE and TCE. This could explain the decrease in the strain BB1 
population after day 2. Interestingly, while the chlorinated ethene concentrations 
reached a steady-state within about 5 d, it took 10 d for strain BB1 to become 
relatively constant, and strain 195 biomass levels continued to fluctuate throughout 
the experiment. This supports the idea that shifts in the chlorinated ethenes utilized by 
strain 195 were occurring. Overall, strains BB1 and 195 were present at similar levels 
under natural attenuation and engineered bioremediation conditions (compare Figure 
6.8 and Figure 6.10B), despite the fact that the electron donor concentrations in the 
engineered bioremediation conditions were 10 times higher than under natural 
attenuation conditions. However, PCE concentrations were similar in the two 
experiments, indicating that, overall, growth of the two strains was limited by 
electron acceptor availability. This is consistent with the observation that electron 
donors were not depleted under natural attenuation conditions. However, the 
concentration of strain 195 under engineered bioremediation conditions nearly 
doubled when it was grown with strain PCE1 and A. woodii (Figure 6.10B) compared 
to its growth in the presence of strain BB1 (Figure 6.11B). Presumably, this can be 
attributed to greater electron acceptor availability for strain 195 in the presence of 
strain PCE1. Whereas strain BB1 may be able to compete with strain 195 for both 
PCE and TCE, strain PCE1 can dechlorinate PCE only to TCE, which strain 195 can 
utilize, along cis-DCE, to build up large amounts of biomass. 
The model simulations of the engineered bioremediation experiments using the 
kinetic parameters in Table 6.3 without modification predicted that strain BB1 and 
strain PCE1 would be washed out (Figure 6.13A, C), due to utilization of increasing 
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amounts of PCE and/or TCE by strain 195. When the modified kinetic inputs used for 
strain 195 under natural attenuation conditions were applied under engineered 
bioremediation conditions, the simulation results did a better job of describing the 
general trends of the biomass concentrations as shown in Figure 6.13B and D. In 
particular, the model predicted steady-state biomass concentrations under engineered 
bioremediation conditions were 0.05 and 0.04 mg VSS/L for strain 195 and strain 
BB1, respectively in experiment 2 and 0.08 and 0.09 mg VSS/L for strain 195 and 
strain PCE1, respectively in experiment 3. These predictions compared well to the 
experimentally measured values (Figure 6.13B, D). 
The abundance of the lactate fermenter A. woodii in the presence of strain 195 and 
strain PCE1 under engineered bioremediation conditions was also quantified using 
real-time PCR technique. A. woodii experienced a rapid growth during the first 5 d of 
the experiment and the maximum value was sustained during the steady-state period 
(Figure 6.14). The experimental results closely matched the model-predicted A. 
woodii concentration and, consistent with the other data, suggest that the 


















































































































Figure 6.13 Comparison of predicted and measured biomass concentration in the 
bioreactors in the presence of co-cultures of (A) and (B) Dehalococcoides 
ethenogenes strain 195 and Desulfuromonas michiganensis strain BB1 under 
engineered bioremediation conditions; (C) and (D) Dehalococcoides ethenogenes 
strain 195, Desulfitobacterium sp. strain PCE1, and Acetobacterium woodii under 
engineered bioremediation conditions. The predicted concentrations in (A) and (C) 
were obtained using the kinetic parameters in Table 6.3 without modification. The 
predicted concentrations in (B) were obtained by manually adjusting the model so 
that strain 195 does not utilize any PCE and utilizes TCE at one-half the rates 
given in Table 6.3. The predicted concentrations in (D) were obtained by manually 
adjusting the model so that strain 195 utilizes no PCE. A combination of intrinsic 




























Figure 6.14 Comparison of predicted and measured biomass concentrations of 
A. Woodii under engineered bioremediation in the presence of co-cultures of 
Dehalococcoides ethenogenes strain 195, Desulfitobacterium sp. strain PCE1, 
and Acetobacterium woodii. 
 
6.4 Modeling PCE dechlorination by the co-cultures of Dehalococcoides species 
and PCE-to-TCE/cis-DCE dehalorespirers 
The model described in Section 6.2.8 can successfully describe chlorinated ethene 
utilization by co-cultures of strain 195 and a PCE-to-cis-DCE (or TCE) 
dehalorespirer when a combination of intrinsic and extant kinetic parameters is used. 
However, the comparison of the experimental and modeling data clearly 
demonstrated that the activity of dechlorination by strain 195 can be impacted by the 
presence of a PCE-to-cis-DCE (or TCE) dehalorespirer. This phenomenon or 
interaction between the Dehalococcoides species and the PCE-to-cis-DCE (or TCE) 
dehalorespirers results in less consumption of electron donor by strain 195 and less 
biomass growth of strain 195 than is predicted using the current model. 
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As discussed above, the additional phenomena or interactions between 
Dehalococcoides species and PCE-to-TCE/cis-DCE dehalorespirers should be 
incorporated into the current model to accurately describe growth and electron donor 
utilization by multiple dehalorespiring strains. However, the experimental and 
theoretical demonstration that Dehalococcoides strains can coexist with PCE-to-cis-
DCE (or TCE) dehalorespirers in a continuous-flow systems is a significant finding of 
this study that has important potential implications. In the presence of a PCE-to-cis-
DCE (or TCE) dehalorespirer, strain 195 appears to function primarily as a cis-DCE 
respiring organism. This approach may result in the most efficient utilization of 
organic and inorganic electron donors available in the contaminant plume and 
ultimately the greatest amount of contaminant removal and detoxification. However, 
the accumulation of VC in this study suggests that other Dehalococcoides strains that 
can dehalorespire VC, such as Dehalococcoides strain BAV1 (He et al., 2003), may 





Chapter 7:  Conclusions and recommendations 
PCE dechlorination kinetics for two heterotrophic dehalorespirers, 
Desulfuromonas michiganensis strain BB1 and Desulfitobacterium sp. strain PCE1, 
were investigated using batch culture assays under both electron donor- and acceptor-
limiting conditions. Acetate and lactate utilization kinetics including the thresholds of 
the electron donors, have not previously been reported for dehalorespirers. The initial 
conditions in the batch assays were found to have a significant impact on both the 
kinetic parameter estimates themselves and their identifiability. This study showed 
that it is possible to obtain identifiable intrinsic and extant kinetic parameters for PCE 
dechlorination by controlling the initial conditions in the batch assays. Kinetic 
parameters estimated under different initial conditions in batch culture assays 
describe microbial populations in different physiological states and thus have 
different applications. Therefore, reports of kinetic parameter estimates that do not 
describe the conditions under which they were obtained are of limited. 
 For some microorganisms that grow on toxic substrates, there may be a tolerance 
level above which the microorganisms cease to grow and utilize the toxic substrates. 
However, for some dehalorespirers, such as strain BB1 and strain PCE1, the level of 
PCE tolerated is not constant. Instead, the level of PCE tolerated and transformed by 
these dehalorespirers is influenced by by the biomass concentration. None of the 
existing models of inhibitory substrate utilization described this phenomenon 
successfully. Therefore, a new model of PCE dechlorination at high concentrations 
was developed in this study by incorporating a biomass inactivation term into the 
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biomass growth equation. When coupled with the Andrews substrate utilization 
model for self-inhibitory substrates, it provided a good description of the 
dechlorination of high concentrations of PCE by varying amounts of strain BB1 and 
strain PCE1 biomass.  
The interactions between a Dehalococcoides strain and PCE-to-TCE/ PCE-to-cis-
DCE dehalorespirers was also investigated. Both experimental and theoretical results 
suggested that co-existence of Dehalococcoides and heterotrophic dehalorespiring 
strains is possible due to the ability of Dehalococcoides strains to respire lesser 
chlorinated ethenes produced by the heterotrophic populations. However, competition 
for carbon source or some other interaction with the heterotrophic dehalorespirers 
appears to limit the Dehalococcoides strain’s ability to compete for the higher 
chlorinated ethenes. Nevertheless, maintenance of dehalorespirers that utilize both 
organic and inorganic electron donors is advantageous and may optimize the 
bioremediation of chlorinated ethenes in continuous-flow systems.  
Based on the results of this research, the following specific conclusions can be 
drawn and several recommendations can be made: 
(1) Identifiable intrinsic electron donor and acceptor utilization kinetic parameters, 
as well as extant electron acceptor utilization kinetics for PCE dechlorination by 
strain BB1 and strain PCE1 can be obtained using batch culture assays. The 
relatively low KS and threshold values for electron donor utilization suggest that 
it is unlikely that strain BB1 and strain PCE1 will be restricted by the 
availability of electron donors under engineered bioremediation conditions. The 
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intrinsic kinetic parameter estimates for PCE dechlorination can successfully 
predict PCE dechlorination in batch cultures with initial substrate-to-biomass 
ratios (S0/X0) higher than 10, but not in batch cultures with S0/X0<5. 
(2) The initial conditions of the batch culture assays have a significant impact on 
Monod kinetic parameter determination. qmax estimates are highly correlated 
with the initial substrate-to-biomass concentration ratios (S0/X0), which 
represent the relative substrate availability in the batch culture assays. Generally, 
higher S0/X0 ratios result in higher qmax estimates. However, when S0/X0>10, the 
qmax estimates reach a maximum value that equals the intrinsic qmax estimate. 
(3) The initial substrate-to-half-saturation constant ratio (S0/KS) in the batch culture 
assays largely determines the identifiability of the Monod kinetic parameter 
estimates obtained in batch assays. Generally, better identifiability or lower 
correlation of the parameter estimates can be obtained in batch assays with 
higher S0/KS ratios. Although lower S0/X0 ratios can also improve parameter 
identifiability, this influence is much less significant than S0/KS. Therefore, 
when a batch kinetic assay is designed, a S0/KS ratio higher than 10 is generally 
needed to obtain identifiable parameter estimates, although somewhat lower 
S0/KS ratios may be adequate when the extant S0/X0 criterion is met. An iterative 
procedure that can be used to select the initial conditions needed to ensure that 
parameter estimates are identifiable was outlined in Chapter 4. 
(4) Strain BB1 and strain PCE1 can be inhibited by high concentrations of 
chlorinated ethenes. However, at sufficiently high biomass concentrations, these 
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populations may be able to transform PCE at concentrations up to the aqueous 
solubility limit. This discovery suggests that these organisms may be suitable 
for in situ bioremediation of PCE DNAPL source zones in contaminated 
groundwater. 
(5) Dechlorination of high concentrations of PCE by strain BB1 and strain PCE1 
can be described by a new model that includes a biomass inactivation term in 
the biomass growth equation and describes PCE utilization with the Andrews 
kinetic model. The intrinsic kinetic parameter estimates and inhibition, and 
biomass inactivation coefficient estimates obtained in this study can be used 
along with the model developed in this study to predict the fate of PCE and 
dehalorespirer populations during the bioremediation of PCE DNAPL source 
zones. In addition, this information may be useful for determining the amount of 
dehalorespiring culture that must be added in order to achieve successful 
bioaugmentation of PCE DNAPLs. 
(6) The co-existence of a Dehalococcoides strain and PCE-to-TCE/cis-DCE 
dehalorespirers was shown to be possible in continuous-flow systems. However, 
strain 195, the Dehalococcoides strain used in this study dechlorinates VC via 
cometabolism. As a result, no significant ethene was produced in the co-culture 
experiments. Therefore, PCE dechlorination by co-cultures that include VC-
respiring strains, such as Dehalococcoides strain BAV1 (He et al., 2003), as 
well as PCE-to-cis-DCE dehalorespirers should be studied in the future. 
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One of the most important findings in this study is that the utilization of PCE and 
TCE by Dehalococcoides ethenogenes strain 195 may be negatively impacted by the 
presence of a PCE-to- cis-DCE/TCE dehalorespirer. As a result, it functioned 
primarily as a cis-DCE-to-ethene dehalorespirer in the co-cultures. However, 
additional investigations are needed to determine why the activity of strain 195 to 
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